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Abstract 
Coastal zones are associated with growing populations, and with climate change 

increasing intensity and frequency of storms these communities are increasingly facing 

the threat of flooding. Saltmarshes are coastal ecosystems which are known to attenuate 

hydrodynamic energy thereby reducing risk for coastal populations. The incorporation of 

saltmarshes into coastal defence strategies is hindered by gaps in our knowledge 

concerning lateral saltmarsh dynamics and biophysical feedback networks. This 

knowledge is essential for accurately and reliably predicting the risk reduction capacity of 

nature-based solutions for flooding. Developing a tool for long-term hydrodynamic 

monitoring, quantifying the current velocity (Cv) attenuation effects of salt marsh 

vegetation, and understanding how plant traits can impact the Cv attenuation capacity of 

saltmarsh species are critical steps towards better understanding saltmarsh dynamics. 

In this study, we quantified the Cv attenuation of two salt marsh species (Bolboschoenus 

maritimus and Phragmites australis) that are abundant in the Inner Clyde Estuary. Using 

a novel low-cost method (the Mini-Buoy), we monitored hydrodynamics at the edge and 

five meters into the vegetation at three monospecific stands of each species. Two models of 
the Mini Buoy (the Pendant and the B4+) were compared against each other to 
determine which was better suited for deployment within saltmarsh vegetation and 

for quantifying current attenuation. Vegetation surveys at the start, middle, and end of 

the growing season (May-Sep) were carried out to associate plant traits with their 

attenuation effect. This study found that the Pendant Mini Buoy was the better model for 

hydrodynamic monitoring within the vegetation canopy and for quantification of current 

attenuation in shallow, low-energy conditions. Also, morphological adaptations to the 

physical environment were observed in both B. maritimus and P. australis where 

slenderness of the plants increased landward of the wave-exposed seaward boundary. 

Between the two species, significant differences in morphology and attenuation capacity 

were observed. Lower stem density and FSA was consistently observed in P. australis 

which was also found to develop in lower hydrodynamic energy areas, suggesting that P. 

australis is more vulnerable to hydrodynamic forcing. Overall, B. maritimus (maximum Cv 

reduction of ~60%) was found to be more effective at reducing current velocities than 

P. australis (maximum Cv reduction of ~40%).
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1. Introduction
Amongst several other essential ecosystem services, coastal habitats defend coastlines 

against flooding and erosion through the attenuation of wave energy reaching the shore 

(Möller et al. 2001; Barbier et al. 2011). This ecosystem service has been demonstrated by 

several coastal habitats globally including saltmarshes (Bouma et al. 2014) which are 

widespread along temperate coasts. Coastal areas are becoming increasingly exposed to 

natural hazards due to climate change and rising sea levels (Kaya et al. 2005; Wong et al. 

2014) and traditional engineering coastal defence structures are proving unsustainable 

under these conditions due to the increased cost of upkeep (Temmerman et al. 2013). 

There is therefore an increasing interest in turning to nature-based solutions for coastal 

protection through the conservation, creation, and restoration of coastal habitats such as 

saltmarshes (Pétillon et al. 2023). However, the reliability of risk reduction estimates of 

nature-based solutions as coastal protection is dependent on detailed knowledge of the 

complex biophysical interactions that impact the hydrodynamic energy attenuation 

capacity of coastal ecosystems (Pétillon et al. 2023; Spalding et al. 2014; Temmerman et 

al. 2013). Though there have been growing contributions into this field of research in the 

past decade, there are still critical gaps in our knowledge about the physical thresholds of 

ecosystem-based coastal protection capacity. 

Many factors including marsh topography, hydrodynamic conditions, and plant biophysical 

properties impact the attenuation capacity of a saltmarsh, and these factors can vary 

spatially and temporally (Leonardi et al. 2018). Having a detailed understanding of the 

impacts these biophysical properties have on attenuation capacity is essential to the 

assessment and implementation of nature-based coastal defences (Pétillon et al. 2023). 

Building this knowledge base requires the long-term collection of hydrodynamic, 

ecological, and sedimentological field data to contribute to more accurate and reliable 

modelling of ecosystem responses to hydrodynamic energy. A reliable, accessible method 

by which hydrodynamics can be measured at multiple spatial and temporal scales would 

therefore be a valuable resource to inform ecosystem-based management decisions. 

Traditional hydrodynamic monitoring methods in the use of equipment such as tide 

gauges, velocimeters, and bottom mounted pressure sensors, are reliable but generally 

not the most time- or cost-effective methods for practical habitat management purposes. 

They are usually expensive and can require pre-existing infrastructure or specialist 

knowledge to operate. In contrast, the Mini Buoy has been presented as a lower cost, easy 

to transport, more highly accessible alternative that does not require specialist knowledge 

to utilise (Balke et al. 2021). The Mini Buoy contains an acceleration data logger which 

records acceleration along the Y-axis (Yacc) as G-forces (g). From this acceleration data, the 

Mini Buoy can measure inundation, current velocities, and wave orbital velocities (Ladd et 

al., 2024). The Mini Buoy is an open-source tool for which the components are 

commercially available globally. It has been deployed before on mudflats and at the fringes 

of intertidal mangroves and salt marshes. In this study, the Mini Buoys were deployed at 
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the intertidal saltmarshes of the Inner Clyde Estuary, Scotland. 

The Clyde Estuary is the largest on Scotland’s west coast and has a history of heavy industry 

and urbanisation due to its association with the city of Glasgow. The environment of the 

River Clyde has historically been subject to anthropogenic pressures from trade, heavy 

industry, and human settlement on its banks that persist today as Glasgow’s population 

continues to grow (World Population Review 2024). Direct anthropogenic actions 

including continuous dredging for shipping, pollution, and the implementation of 

embankments and seawalls as flood defences have altered the Clyde Estuary’s natural 

hydrodynamic and sedimentological regimes (Karunarathna 2011). These alterations to, 

and the pollution of, the physical environment of the Inner Clyde Estuary threatens its 

intertidal habitats, including tidal flats and saltmarsh (Karunarathna 2011). The value of 

these natural habitats is recognised by its designation as a Ramsar wetland, a European 

Commission (EC) Special Protection Area, and a Site of Special Scientific Interest 

(Inverclyde Council 2019). The health of these habitats is essential to maintaining 

ecosystem services that benefit the socio-economic wellbeing of the city of Glasgow. Key 

amongst the ecosystem services that saltmarshes provide is their hydrodynamic energy 

attenuation capacity (Möller & Spencer 2002; Temmerman et al. 2013). 

Damage associated with flooding in the Clyde Estuary averages £0.5 million per year (Kaya 

et al. 2005). The issue of flood management and prevention in this area will only become 

more critical as sea levels rise and climate change projections predict larger, more intense 

storms (Otto et al. 2018; Rennie & Hansom 2011). As the city of Glasgow takes steps 

towards implementing sustainable solutions throughout the city to deliver the priorities of 

the UN sustainable development goals (i.e., through city-university partnerships such as 

GALLANT – Glasgow as A Living Lab Accelerating Novel Transformation (GALLANT 2024)), 

the saltmarshes that persist on the banks of the Clyde could present an opportunity for the 

implementation of nature-based mitigation and management measures for flooding. An 

estimated 41ha of saltmarsh (saline and brackish) can be found in the Inner Clyde Estuary 

(Haynes 2016). These stands of saltmarsh vegetation are widely distributed in the Clyde 

Estuary and are floristically diverse (Haynes 2016) but their biogeomorphology and 

hydrodynamic energy attenuation potential is currently understudied. Particularly, the 

direct quantification of current attenuation in the field by saltmarsh vegetation with a 

focus on how different species morphology can impact attenuation capacity is 

understudied. As saltmarsh species have differing characteristic traits such as stem 

density, height, and diameter, it is expected that they also vary in their attenuation 

capacity. 
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Using the Inner Clyde Estuary as a focal site, the aims of this study are threefold: 

1. To compare the use of two models of the Mini Buoy (B4+ and Pendant) for

quantifying current attenuation within saltmarsh vegetation

2. To assess plant and community characteristics of two saltmarsh species

abundant on the Inner Clyde Estuary

3. To assess differences in current attenuation between two saltmarsh species

(Phragmites australis and Bolboschoenus maritimus)

2. Literature Review

2.1. Saltmarshes 
Saltmarshes are a vegetated transition zone between marine and terrestrial 

environments which occur globally along temperate coastlines (Mcowen et al. 2017). 

They develop in relatively sheltered tidal areas such as estuaries, embayments, and along 

tidal river channels which can influence the type of saltmarsh that develops (Dijkema 

1987; Haynes 2016). They are built through interactions between tides and localised 

hydrodynamics, sediment flow, and vegetation growth (Fagherazzi et al. 2020; Townend 

et al. 2011). As such, saltmarshes are highly dynamic environments where vegetation 

communities are heavily influenced by, and influential towards, local physical processes 

such as sediment erosion and accretion (Fagherazzi et al. 2020). 

Saltmarsh vegetation consists of halophytic plants which colonise the upper intertidal 

zone approximately between the mean high water of neap tides and the highest spring 

tides (Balke et al. 2016). Species composition of saltmarsh communities vary regionally 

according to environmental conditions and can be associated specifically with certain 

geomorphological types of saltmarshes (Haynes 2016). For example, back-barrier 

saltmarshes, which form parallel to the coastline because of tidal intrusion into sand 

dunes, are associated with a greater diversity of species and vegetation communities 

than other saltmarsh types due, in part, to their intermingling with sand dune vegetation 

communities (Haynes 2016). Estuarine saltmarshes, which form at the mouth of estuaries 

where salinity can vary greatly due to regular influxes of both saline- and fresh-water, are 

associated with the presence of brackish saltmarsh species (commonly Phragmites 

australis and Bolboschoenus maritimus) more so than other geomorphological types of 

saltmarshes (Haynes 2016). 

Major estuaries in England and Wales house the greatest expanses of saltmarsh in Great 

Britain (Foster et al., 2013) but a large number of smaller communities can be found 

distributed along the Scottish coastline in firths, sea lochs, and bays (Haynes 2016). The 

estimated 7,703 ha of saltmarsh in Scotland accounts for ~9.21-16.5% of total saltmarsh 

extent in Great Britain (Foster et al. 2013; Haynes 2016; Mcowen et al. 2017). Estuarine 
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saltmarshes make up the greatest total extent of saltmarsh in Scotland and all the nation’s 

larger, uniform saltmarshes are found in estuarine systems along the east coast or in the 

Solway firth in the south-west (Haynes, 2016; Haynes et al., 2017). Meanwhile, the west 

coast of Scotland hosts a high volume of smaller, complex saltmarsh communities 

(Haynes, 2016; Haynes et al., 2017) such as fringing saltmarshes that can be found along 

the banks of tidal rivers where estuaries narrow. Though they make up only a small 

proportion of saltmarsh extent in Scotland, this type of saltmarsh can be found throughout 

the country (Haynes, 2016) including the upper tidal reaches of the River Clyde (Hansom 

et al. 2017; Jones & Ahmed 2000; Taubert & Murphy 2012). 

The Inner Clyde Estuary on the south-western coast of Scotland has many well- 

established saltmarsh communities along its banks totalling an estimated extent of 41 ha 

(Haynes 2016). Jones & Ahmed (2000) only identified two saltmarsh sites in the area, both 

on the south bank of the Clyde at Erskine Harbour and at Newshot Island. Since then, a 

more recent study has detailed a more comprehensive exploration of the distribution of 

saltmarsh habitats in the Inner Clyde Estuary (Hansom et al. 2017). Hansom et al. 

(2017) also found that Newshot Island and the South bank of the Clyde hosted saltmarsh 

communities though they report a continuous expanse of saltmarsh vegetation fringing 

the Clyde from Langbank to Erskine Bridge. Moreover, the northern bank of the Clyde was 

also found to host fringing saltmarsh in fragmented communities from Dumbarton Castle 

to the Erskine Bridge (Hansom et al. 2017).  

In the Inner Clyde Estuary, 43.9% (18ha) of the total saltmarsh extent is currently made 

up of brackish vegetation communities with an abundance of Bolboschoenus maritimus 

and Phragmites australis (Haynes 2016), the focal species in this study. The main 

distinction between saline and brackish saltmarshes are the levels of salinity in the 

intertidal habitats they occupy. Brackish saltmarshes occur in areas with large influxes of 

freshwater and can indicate lower levels of salinity in the environment (Haynes 2016). In 

Scotland, brackish saltmarshes are expanding and even replacing saline saltmarshes in 

some areas (Haynes 2016) thereby becoming an increasingly prominent component of 

Scotland’s coastal habitats. The following review of research on saltmarshes (Section 2.1) 

does not make a distinction between brackish and saline saltmarshes and species. This is 

in an effort to consider as much knowledge produced on saltmarshes as possible as far as 

it is relevant to this study. 

Saltmarshes form a range of unique habitats that are widely protected by legislation 

(Inverclyde Council 2019). Saltmarsh communities are valued for the many ecosystem 

services they provide to ecological functioning and to human economic activities (Barbier 

et al. 2011). Coastal defence (Möller & Spencer 2002; Rupprecht et al. 2017), habitat 

provisioning for resident and transient wildlife (e.g. Whitfield 2017), and carbon 

sequestration (Mueller et al. 2019) are just a few examples of these ecosystem services. 

The role of saltmarshes in coastal defence is especially relevant to this study and will be 

expanded upon in sections 2.2 and 2.3. Though saltmarshes have previously been 
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overlooked in research and public awareness as compared to other coastal ecosystems 

such as mangroves and coral reefs (Duarte et al. 2008; Mcowen et al. 2017), the value they 

provide in associated ecosystem services is increasingly attracting attention. Improving 

and maintaining the provision of these services forms the foundation of the movement to 

protect saltmarshes (Barbier et al. 2011; Gedan et al. 2009). 

2.1.1. Saltmarsh Dynamics 

Saltmarshes exist in highly dynamic coastal environments and their survival is dependent 

upon a complex system of biotic and abiotic processes that drive their expansion and 

erosion. The biogeomorphodynamic feedback networks created by interactions between 

the morphology of the habitat, the hydrological characteristics of the area, sediment 

dynamics, and the ecology of the marsh itself comprise saltmarsh dynamics (Da Lio et al. 

2013; Townend et al. 2011). The composition and structure of saltmarsh communities 

were traditionally considered to be controlled by physical conditions such as inundation 

characteristics, elevation, and salinity (Townend et al. 2011). However, there is now a 

growing body of evidence to suggest that ecological interactions within vegetated 

communities such as competition and facilitation are also important in determining 

saltmarsh vegetation structure (Da Lio et al. 2013). 

Species composition and distribution in a saltmarsh is primarily decided by physical 

factors as saltmarsh plant species are adapted to specific optimal inundation, exposure, 

and elevation conditions (Boorman 2003; Da Lio et al. 2013). However, it is evident that 

vegetation communities can modify their physical surroundings to promote their own 

survival, and this can give rise to inter-specific competition, a key driver of ecological 

dynamics within the marsh (e.g. Morris 2006). For example, in some cases, a negative 

feedback cycle can be initiated wherein saltmarsh species modify their physical 

environment to better suit their own survival and create opportunities for other species 

to proliferate and outcompete the original (Townend et al. 2011). This can be observed in 

the case of pioneer species whose presence on the marsh creates shelter and elevation 

enough for more sensitive saltmarsh species to encroach and establish themselves 

(Bruno 2000). 

Interactions between saltmarsh vegetation and the physical environment can impact the 

survival of the marsh itself. For example, saltmarsh vegetation can promote the growth 

of platforms by enhancing sediment deposition by as much as 50% (Friedrichs & Perry 

2001). The formation and stability of platforms that vegetation can colonise is essential 

to saltmarsh survival. The slower flow of water over saltmarsh canopies due to current 

attenuation by the vegetation encourages sediment settlement and deposition and 

protects the platform from erosion (Friedrichs & Perry 2001; Neumeier & Amos 2006). In 

the case of certain species such as Spartina alterniflora, sediment is retained by the plants 

themselves on leaves and stems (Townend et al. 2011). By trapping deposited sediments 

in their root networks, vegetation can stabilise the marsh platform to buttress the 

saltmarsh against lateral erosion (De Battisti et al. 2019). The retention of deposited 
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sediments allows the marsh platform to grow vertically above the high tide mark creating 

conditions for the saltmarsh to further colonise it. This vertical accretion also increases the 

elevation of the marsh platform which can increase oxygen availability in the soil thereby 

promoting biomass production (Marani et al. 2006). Greater aboveground plant biomass 

can increase the velocity dampening effect on estuarine flows (Friedrichs & Perry 2001; 

Townend et al. 2011), which then further enhances sediment deposition in, and vertical 

accretion of, the marsh, forming a positive feedback loop. Greater biomass production 

can also form a self-imposed positive feedback cycle wherein sediment aeration through 

plant transpiration allows biomass production to increase, which enhances sediment 

aeration (Marani et al. 2006). 

These biogeomorphodynamic feedback networks allow saltmarshes to adapt to, and 

survive in, their physical environment. They also allow saltmarshes to deliver ecosystem 

services such as coastal stabilisation and hydrodynamic energy attenuation. However, as 

anthropogenic pressures on saltmarshes grow globally (Gilby et al. 2021; Lotze et al. 

2006; Moser et al. 2012), anthropogenic activities in proximity to saltmarsh sites (further 

explored in section 2.1.3) can greatly influence each of these key processes thereby 

having significant impacts on saltmarsh dynamics. To better incorporate nature-based 

solutions in coastal defence strategies and planning, the outcomes of these 

biogeomorphodynamic interactions need to be better understood and more reliably 

predicted. 

2.1.2. Ecosystem Services 

Saltmarshes provide a range of ecosystem services globally such as recreational 

opportunities, provision of food and building materials, and coastal protection and 

stabilisation (Barbier et al. 2011). As a highly productive ecosystem, saltmarshes are of 

disproportionately high economic value in relation to their lower global coverage 

(Costanza et al. 2008, 2014; Barbier et al. 2011; Himes-Cornell et al. 2018). Saltmarshes 

also hold and provide value beyond economic worth (Gramling & Hagelman 2005). 

However, despite their global significance, saltmarsh habitats are relatively understudied 

(Duarte et al. 2008) and increasingly threatened with degradation and habitat loss due to 

direct impacts from human activities and the impacts of anthropogenic climate change 

and sea level rise (Gilby et al. 2021; Moser et al. 2012). This jeopardizes the continued 

delivery of key ecosystem service; the maintenance of ecosystem service delivery is a key 

argument for the protection and restoration of saltmarshes (Adams et al. 2021). This 

section will provide an overview of key ecosystem services that saltmarshes provide. 

These services can be broadly categorised into cultural services, provisioning services, 

supporting services, and regulating services. 

Despite their integral role in human and community wellbeing, the cultural services 

provided by saltmarshes have perhaps the least research dedicated to them of all 

saltmarsh ecosystem services (McKinley et al. 2020). Saltmarshes have a unique 

aesthetic value which can have a positive impact on human well-being (Hermes et al. 
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2018). Unique landscapes that are perceived to be beautiful can improve psychophysical 

wellbeing (Chang et al. 2008), promote physical activity and social interaction and bring about 

a sense of community (Abraham et al. 2010). Saltmarshes can also embody the 

heritage of communities and provide them with spiritual value and a sense of place 

(Gramling & Hagelman 2005). As such, these cultural services can sometimes be difficult 

to economically value as they come down to preference and therefore, local stakeholder 

perceptions are a critical element of determining the value of cultural services provided 

by saltmarshes (McKinley et al. 2020; Zoderer et al. 2019). Furthermore, saltmarshes also 

provide opportunities for recreation, education, and tourism activities which can have 

great positive impacts on human well-being, especially at a local scale (Rendón et al. 

2019). These activities include fishing, hunting, birdwatching, and walking all of which 

contribute to the local economy (Barbier et al. 2011; Himes-Cornell et al. 2018). 

Many recreational opportunities in saltmarshes are underpinned by the plant and animal 

biodiversity this habitat supports which also provisions local human populations with 

food and other materials for consumption. One of the most common provisioning 

services that saltmarsh plants provide are as fodder for livestock (Knottnerus 2005). 

Saltmarsh plants including Phragmites australis and Spartina patens are harvested for 

bedding and winter fodder and are directly grazed by livestock (Kiviat & Hamilton 2001; 

Knottnerus 2005; Köbbing et al. 2013). Phragmites australis has also been utilised by 

humans globally for fuel by burning or the production of biogas, for construction as thatch 

for roofs and in walls for insulation, and for making a range of everyday objects such as 

musical instruments and mats for sleeping on (Kiviat & Hamilton 2001; Köbbing et al. 

2013). 

Saltmarsh vegetation is also a source of food for human consumption both directly and 

indirectly. Vegetation from saltmarshes such as several Salicornia species can be 

harvested and consumed as vegetables (Ríos et al. 2020). Indirectly, saltmarsh vegetation 

provides an essential source of protein to coastal populations by creating a habitat and 

nursery for marine invertebrate species (Whitfield 2017). These environments have been 

used by coastal populations for subsistence fishing activities including the harvesting of 

fish and shellfish directly from the marsh (Costa et al. 2001; Knottnerus 2005). The role 

of saltmarshes as nursey grounds for shellfish and a diversity of fish and crustacean 

species supports both subsistence and commercial fishing activities which benefit local 

economies (Barbier et al. 2011; Castagno 2018; Costa et al. 2001; Whitfield 2017). The 

shallow, dense structure of a saltmarsh provides a sheltered environment in which 

economically valuable species such as fish, shrimp, crabs, and oysters can proliferate and 

feed into offshore commercial fisheries benefitting their productivity and longevity 

(Whitfield 2017). 

The role of saltmarshes in supporting biodiversity extends beyond economically valuable 

species that can be extracted by humans and extends to supporting biodiversity in 

adjacent environments as well. Saltmarshes support several resident and transient bird 
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populations that use the marsh as feeding, roosting, and nesting sites (Costa et al. 2001; 

Hughes 2004). For example, in the UK 60% of the common Redshank population nests in 

saltmarshes (Hughes 2004). Several passerines, waders, and geese also nest in 

saltmarshes (Hughes 2004). Birds can feed on invertebrates within the marsh or on 

adjacent mudflats, on seeds and the saltmarsh vegetation itself, and are provided with 

some protection from predation and disturbance by the saltmarsh (Costa et al. 2001; 

Hughes 2004). Saltmarshes also support biodiversity in adjacent habitats indirectly 

through services such as nutrient filtering. The uptake of nutrient-rich runoff from 

terrestrial habitats is an essential role that saltmarshes play in preventing the 

eutrophication of coastal waters (Barbier et al. 2011; Sousa et al. 2010). Without 

saltmarshes to filter terrestrial runoff, excess nutrients entering aquatic systems can 

promote algal blooms and the proliferation of resulting ‘dead zones’ due to hypoxic 

conditions in the water (Gedan et al. 2009).  

Nutrient cycling is one of several regulating services saltmarshes provide; saltmarshes 

also regulate their environment through carbon sequestration, and shoreline protection 

from erosion and flooding (Adams et al. 2021). Saltmarshes are highly productive 

ecosystems which can rapidly sequester carbon thereby contributing to global climate 

regulation through the uptake of CO2 (Beaumont et al. 2014; Chmura et al. 2003). Also, 

lower rates of decomposition due to anoxic conditions in saltmarsh soils prevents the 

quick turnover of carbon and allows for its long-term storage in the form of peat (Barbier 

et al. 2011). Saltmarshes as ‘blue carbon’ ecosystems could be an essential component 

of climate change adaptation strategies on national scales (Adams et al. 2021). 

Saltmarshes can further aid in adapting to the impacts of climate change by stabilising 

the coast against erosion (Spalding et al. 2014). The aboveground biomass of saltmarsh 

vegetation can resist and slow the flow of water over the canopy, encourage sediment to 

settle on the marsh, and trap it (Friedrichs & Perry 2001; Neumeier & Amos, 2006; 

Townend et al. 2011). The root network of the vegetation encourages the consolidation of 

this sediment on the platform (Chen et al. 2019; De Battisti et al. 2019). These 

mechanisms can slow rates of erosion (De Battisti et al. 2019; Spalding et al. 2014) and 

even cause vertical or lateral expansion of the marsh platform (Kirwan et al. 2016). The 

attenuation of wave energy over saltmarsh canopies due to resistance from the 

vegetation also directly protects coastal communities from flooding and storm surges 

(Möller et al. 1999, 2001; Leonardi et al. 2018). As natural defences against flooding and 

erosion, the presence of saltmarshes can reduce the vulnerability of coastal populations, 

infrastructure, and livelihoods to coastal hazards (Spalding et al. 2014; Temmerman et al. 

2013). Wave energy attenuation by saltmarshes is especially relevant to this study and 

will be discussed further in section 2.3. 

2.1.3. Anthropogenic impacts 

Earth’s coasts account for only about 4-5% of total land area but are home to over a third 

of its human population (McGranahan et al. 2007; UNEP 2006). This high density of human 
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settlement is associated with the many ecosystem services that coastal ecosystems 

provide in terms of the provision of natural resources and food, recreational and aesthetic 

value, protection from natural hazards and more (Costanza et al. 2008; Barbier et al. 

2011; UNEP 2006). As such, coastal ecosystems have a long history of anthropogenic 

pressure from land reclamation for agriculture and infrastructure, invasive species and 

climate migrants, and eutrophication (Duarte et al. 2008; Gilby et al. 2021; Moser et al. 

2012). Coastal wetlands are also vulnerable to the impacts of anthropogenic climate 

change and associated sea level rise and extreme weather (Duarte et al. 2008; Gilby et al. 

2021; Moser et al. 2012). 

Due to limited availability of data mapping the global extents of saltmarshes (Mcowen et 

al. 2017), it is difficult to exactly quantify their changes in extent over time. However, 

there are several studies and reports that indicate that saltmarshes have lost between 

25% - 50% of their global historical coverage and have continued to decline at a minimum 

rate of 1–2% year−1 (Duarte et al. 2008; Crooks et al. 2011; Gedan et al. 2009). A recent 

effort at mapping global wetland changes in extent by Murray et al. (2022) found that 1064 

km2 of saltmarsh coverage had been lost over 20 years from 1999 but that this was largely 

offset on a global scale by saltmarsh expansion. Of these changing wetlands extents, it 

was found that 27% were directly associated with anthropogenic activity (Murray et al. 

2022). A leading direct anthropogenic cause of saltmarsh loss is land reclamation (Gedan 

et al. 2009). The practice of diking and draining saltmarsh land for agricultural conversion 

and salt production started in Europe as far back as the 11th century (Gedan et al. 2009; 

Knottnerus 2005). This practice of land conversion has continued though recently it has 

mainly been for the development of urban infrastructure (Gedan et al. 2009).  

The proliferation of impervious surfaces at the coast due to urban development also 

leaves saltmarshes vulnerable to coastal squeeze (Torio & Chmura 2013). Accelerating 

sea level rise (SLR) poses an existential threat to saltmarshes due to submergence and 

erosion of marshland (Crosby et al. 2016; Kirwan et al. 2010). Saltmarshes can account 

for area loss at the seaward edge by expanding laterally inland (Kirwan et al. 2016) 

however, where this migration is obstructed by impervious surfaces (e.g. roads, buildings, 

flood protection barriers), the marsh is in danger of being ‘squeezed’ out of existence 

(Torio & Chmura 2013). Saltmarshes have displayed some resilience to this threat with 

accelerated rates of vertical accretion in response to accelerated SLR up to a threshold 

(Kirwan et al. 2010), even behind dykes where some saltmarshes have kept up with rates 

of SLR (Kirwan et al. 2016). However, decreased sediment supply to coastal marshes, due 

to human activities such as damming of rivers, reduce sediment availably to support 

vertical accretion (Weston 2014). 

Climate change also has the potential to modify saltmarshes beyond the direct threat of 

area loss. Increased frequency and intensity of storms have the potential to quickly input 

large volumes of sediment into the saltmarsh system and encourage marsh accretion 

(Giuliani & Bellucci 2019; Schuerch et al. 2013). Increasing storm frequency especially has 

been found to improve chances of saltmarsh survival under SLR conditions (Schuerch et 
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al. 2013). Meanwhile, the increasing intensity of storms has the potential to deliver larger 

amounts of sediment to a saltmarsh in a single event (Schuerch et al. 2013), but much of 

this massive sediment influx may not be retained by the saltmarsh vegetation (Boorman 

1999) and therefore not result in elevation of the marsh surface. Also, more intense 

storms can cause damage to the marsh itself through erosion at the seaward edge 

(Crosby et al. 2016) though saltmarshes are generally able withstand this impact without 

collapsing (Leonardi et al. 2018). Long-term effects of increasing storminess and erosion 

at saltmarsh sites can include the gradual deepening of tidal flats, encouraging higher 

wave energy propagation even during normal conditions which can adversely impact 

saltmarshes (Leonardi et al. 2018). The impacts of increasing extreme weather events on 

saltmarshes is highly variable and dependant on multiple factors (Leonardi et al. 2018) 

which highlights the importance of site-specific monitoring. 

Furthermore, changes in environmental conditions due to climate change and direct 

human impacts have had significant effects on the species, biodiversity, and complexity 

of saltmarshes. Following the global trend of shrubification – the expansion of shrubs 

poleward in response to the impacts of climate change - mangrove forests are migrating 

poleward due to rapid warming and sea level rise and encroaching on previously saltmarsh-

dominated land (Rogers et al. 2006; Saintilan et al. 2014). This is thought to be happening 

due to increased inundation frequencies at declining marsh elevations and increasing 

temperatures; conditions that favour mangroves over saltmarsh vegetation (Rogers et al. 

2006). Species composition has also been altered historically by humans introducing non-

native species to saltmarshes (Gedan et al. 2009; Lotze et al. 2006; Newton et al. 2020). 

In many cases, non-native species have been introduced to coastal environments by 

humans for their productivity and role in coastal defence, but their proliferation often 

outcompetes native species causing structural changes to the marsh environment (Gedan 

et al. 2009). In some cases, though the introduction of non-native saltmarsh vegetation 

has caused a decrease in the extent of native saltmarsh plants, the success of the invasive 

species can result in an overall increase in saltmarsh area (Gu et al. 2018). On the other 

hand, invasive species can outcompete native species to form homogenous stands 

thereby decreasing the floral biodiversity and complexity of the marsh (Zedler & Kercher 

2004). The proliferation of invasive species also changes the habitat structure of the 

saltmarsh to the extent that the habitat is no longer suitable for native invertebrates; this 

has been observed to decrease native invertebrate abundance and diversity (Brusati & 

Grosholz 2006).   

Pollution and eutrophication due to human activities can also destabilise saltmarsh 

environments (Deegan et al. 2012; Gedan et al. 2009; Newton et al. 2020), which can, in 

turn, make them more vulnerable to further disturbances such as the invasion of non- 

native species (Zedler & Kercher 2004). Nitrogen-rich urban and agricultural runoff 

entering saltmarsh environments can overwhelm their capacity for nutrient uptake 

(Giuliani & Bellucci 2019) and cause conditions under which invasive species can 
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outcompete and displace native saltmarsh vegetation (Zedler & Kercher 2004). The 

competitive balance of saltmarshes is also altered by nutrient pollution where plant 

competition in nutrient-low soils result in high species richness and zonation; all of which 

can be lost due to eutrophication (Bertness et al. 2002). Eutrophication has also been 

associated with decreased stability of the marsh platform due to the combined effects of 

decreased below-ground root biomass accumulation and increased decomposition rates 

(Deegan et al. 2012). Roots retain and consolidate sediments on the marsh platform, 

strengthening the platform against erosion, gravitational slumping, and cracking (De 

Battisti et al. 2019; Deegan et al. 2012). Nutrient enrichment alters biomass allocation in 

saltmarsh species, encouraging the growth of above-ground leaf biomass at the expense 

of below-ground roots (Deegan et al. 2012). As the bank weakens and cracks due to 

reduced root biomass, a positive feedback loop can form wherein marsh platform 

destabilisation allows further intrusion of nutrient-enriched water into the sediment 

encouraging higher rates of decomposition of peat which further destabilises the marsh 

platform leaving it vulnerable to erosion and collapse (Deegan et al. 2012).  

The health, stability, and composition of a saltmarsh are all key factors in their survival 

and the continued delivery of valuable ecosystem services. All these factors rely on a 

complex network of biogeomorphodynamic interactions which are undergoing rapid 

changes due to anthropogenic pressures directly and indirectly. It is therefore 

increasingly imperative to develop accessible tools that can monitor conditions in 

saltmarshes on fine scales spatially and temporally to gain a better understanding of how 

they are being impacted. 

2.2. Coastal defence 
Coastal floods are caused by extreme storm surges and often entail severe winds and 

waves and a temporary rise in sea level, sometimes by several meters (Resio & Westerink 

2008). These events are projected to become more frequent and more extreme in the 

coming years under climate change conditions due to increasing storminess, sea level 

rise, and land subsidence (Kaya et al. 2005; Rennie & Hansom 2011; Wong et al. 2014). 

The damage these events cause to coastal populations and infrastructure can be severe 

(Kaya et al. 2005) and as populations in coastal settlements continue to grow rapidly a 

growing number of people are vulnerable to this hazard. This issue has traditionally been 

answered with engineering solutions such as the building of sea walls, groins, 

embankments, and dykes. Under climate change conditions however, these traditional 

engineering solutions are proving unsustainable due to the cost of maintaining and 

updating them (Temmerman et al. 2013). Therefore, as the limitations of traditional 

engineering solutions become evident, there is increasing interest in the conservation, 

creation, and restoration of coastal habitats such as saltmarshes as a nature-based 

approach to coastal protection (Pétillon et al. 2023; Spalding et al. 2014; Stark et al. 2016; 

Sutton-Grier et al. 2015; Temmerman et al. 2013). Saltmarshes support several co- 

benefits as well as providing a cost-effective and self-adaptive alternative to traditional 



19 

engineering approaches to coastal defence (Barbier et al. 2011; Silinski et al. 2018). 

Saltmarshes can attenuate waves and Cv thereby protecting coastal areas from flooding 

and erosion (Section 2.3). The complexity of vegetation-hydrodynamic interactions that 

creates this attenuation effect is now starting to be captured in field and modelling 

studies (Garzon et al. 2019; Möller et al. 1999; Rupprecht et al. 2017; Yang et al. 2012). 

Though hydrodynamic energy attenuation varies spatially and temporally depending on 

multiple factors (Fagherazzi et al. 2020; Leonardi et al. 2018), there is evidence of their 

value as coastal defence structures (Möller & Spencer 2002; Möller 2006). For example, 

significant reductions in storm surge levels and hurricane damage have been observed as 

a direct result of hydrodynamic energy attenuation over saltmarshes (Costanza et al. 

2008). This is a valuable service by itself; however, conventional engineering design is 

also generally highly effective at reducing risk to specific standards taking several 

environmental factors into consideration (Stark et al. 2016; Temmerman et al. 2013). 

The main advantages that saltmarshes offer as coastal defence structures over traditional 

designs are their capacity to adapt to changing physical conditions over longer timescales 

(Fagherazzi et al. 2020; Silinski et al. 2018). For example, saltmarshes can capture and 

trap sediments leading to a vertical accretion of the saltmarsh platform that, at some sites, 

has kept pace with sea level rise (Kirwan et al. 2010, 2016; Schuerch et al. 2013). In the 

case of traditional structures, keeping them updated according to predictions often 

includes heightening them, lengthening them or other construction that is costly and not 

always sustainable in a time of rapid change (Spalding et al. 2014). A saltmarsh can 

migrate laterally to preserve itself (Fagherazzi et al. 2020) though this ability can 

sometimes be restricted in highly developed areas (Torio & Chmura 2013). This is in 

contrast to traditional structures which are hard and fixed. 

Saltmarshes also have the capacity to self-repair in response to constant hydrodynamic 

action and regenerate after damage from extreme weather (Leonardi et al. 2018). 

Saltmarsh communities are made up of deciduous perennial plant species that follow a 

seasonal cycle of vegetation green-up and die-off allowing them to replenish their 

biomass annually. Also, in comparison to other ecosystems, saltmarshes are relatively 

resistant to storm damage (Fagherazzi 2014; Leonardi et al. 2018). In the case of some 

more flexible saltmarsh species, their flattening during storm conditions protects the 

marsh surface from erosion (Leonardi et al. 2018). It has even been suggested that storm 

surges can be beneficial to saltmarshes by causing a large influx of sediment into their 

environment (Pannozzo et al. 2021). Saltmarsh vegetation can trap and consolidate this 

sediment to facilitate vertical accretion thereby elevating the marsh platform which 

enables them to better resist future storms (Smolders et al. 2015; Stark et al. 2016). 

Traditional coastal defence structures cannot dynamically respond to their environment 

in this way. These hard, man-made structures are subject to wear over time and damage 

during storm events so, as storminess increases due to climate change, more frequent, 

intensive maintenance is likely to be needed adding to the growing cost of hard coastal 
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engineering (Spalding et al. 2014). 

Traditional engineering solutions have no capacity for self-repair or regeneration and 

furthermore can hinder the capacity of surrounding wetlands to do so (Spalding et al. 

2014). The installation of hard structures on the coast can change sediment input and 

dynamics and alter tidal flows in such a way that causes land subsidence and the 

subsequent loss of saltmarsh extents in the area (Da Lio et al. 2018; Syvitski et al. 2009). 

Also, the landward migration of saltmarshes in response to rising sea levels can be 

restricted by the presence of these impervious structures which accelerates the loss of 

saltmarshes to coastal squeeze (Torio & Chmura 2013). In contrast, the presence of 

healthy saltmarsh communities on the coast can provide benefits beyond coastal 

protection (Spalding et al. 2014). Co-benefits that saltmarshes provide include the 

provision of food and building materials to coastal communities, supporting marine 

biodiversity and thereby increasing the productivity of nearby fisheries, carbon 

sequestration, and recreational opportunities (Barbier et al. 2011). Meanwhile traditional 

engineered structures are monofunctional. 

However, traditional engineering structures do have the advantage of providing high 

levels of risk reduction relative to a smaller footprint (Spalding et al. 2014). The 

attenuation capacity of a saltmarsh has been found to increase with an increase in the 

width and continuity of the vegetated community (Leonardi et al. 2018) thereby requiring 

a larger spatial footprint for adequate coastal protection. In general, traditional 

engineering solutions for coastal protection can provide more reliable, predictable 

results. The coastal protection capacity of natural systems such as saltmarshes can vary 

spatially and temporally and the factors that influence this variation have started to be 

studied more rigorously in the past decade (Leonardi et al. 2018; Pétillon et al. 2023). 

These studies are contributing towards understanding how to assess the hydrodynamic 

energy attenuation capacity of marshes which is information without which ecosystems 

cannot be relied upon to provide adequate coastal defence (Pétillon et al. 2023). In some 

cases, this can necessitate greater safeguards behind saltmarshes due to the uncertainty 

of their effectiveness (Spalding et al. 2014). In the meantime, traditional engineered 

structures have been designed specifically for, and been successful at, protecting coasts.  

Overall, there are many advantages to implementing nature-based solutions for coastal 

defence. However, due to the current gaps in our knowledge about the physical 

thresholds that impact ecosystem service delivery, these solutions are not always reliable 

(Spalding et al. 2014). Reliably reducing risk is an essential element of effective coastal 

protection that is provided more effectively by traditional engineering solutions 

(Temmerman et al. 2013). A hybrid solution may be optimal for coastal protection under 

these circumstances (Stark et al. 2016; Sutton-Grier et al. 2015). Utilising ecosystems 

alongside conventional coastal defence structures has the benefit of the risk reduction 

certainty of the traditional engineering approach, and the co-benefits from the nature- 

based approach. Ecosystems used as coastal defence in front of hard structures such as 

sea walls has even been observed to protect these structures from hydrodynamic energy 
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thereby reducing the costs of maintenance and updating (Möller & Spencer 2002). For 

example, managed realignment, whereby maintained defences are set back and 

intertidal habitats are encouraged to reclaim the land between the old and new line of 

defences, is a hybrid strategy that has grown in use in Europe and North America in recent 

decades (Rupp-Armstrong & Nicholls 2007). This kind of active consideration of 

ecosystems in coastal management and planning is a step towards more sustainable 

solutions for coastal defence. 

2.3. Hydrodynamic energy attenuation in saltmarshes 

2.3.1. Benign conditions 

Saltmarshes can protect coastal areas from flooding and erosion by attenuating 

hydrodynamic energy (Möller et al. 1999; Leonardi et al. 2018; Yang et al. 2008). Landward 

dampening of hydrodynamic energy is generally observed in coastal environments due to 

increasing elevation (Möller et al. 1999, 2001). For example, studies have found that 

unvegetated sandflats and mudflats alone can attenuate wave energy by up to 29% and 

reduce wave heights by up to 15% (Möller et al. 1999, 2001). However, the significantly 

increased rates of wave and current attenuation observed over saltmarsh vegetation 

canopies in field studies (Garzon et al. 2019; Möller et al. 2001; Yang et al. 2008) cannot 

be accounted for by hydrodynamic conditions alone (Möller et al. 1999). Vegetated 

communities have been found to attenuate waves (Möller et al. 1999, 2001; Möller & 

Spencer 2002; Ysebaert et al. 2011) and current velocities (Cv) (Yang et al. 2008; Bouma 

et al. 2005a), and reduce storm surge heights (Leonardi et al. 2018; Wamsley et al. 2009), 

by resisting hydrodynamic flow. These dampening effects are induced by increased 

surface roughness and friction over the canopy, hydrodynamic drag within the vegetation, 

and depth-induced wave dampening and shoaling (Möller et al. 1999; Möller & Spencer 

2002). The attenuating effect of saltmarsh vegetation has been well established in both 

field (Cooper 2005; Garzon et al. 2019; Möller et al. 2001; Yang et al. 2008) and flume 

(Möller et al. 2014; Rupprecht et al. 2017) studies, however, there are large variations in 

the observed rates of attenuation between studies (Table 1). The contents of Table 1 

exemplifies how the data ranges between studies in terms of average attenuation rates of 

hydrodynamic energy (wave height, wave energy, and Cv) over saltmarsh vegetation 

under benign weather conditions. This spatial and temporal variation of attenuation rates 

occurs due to several factors including the topography of the marsh, hydrodynamic 

conditions, biophysical properties of the vegetated community, seasonality and weather 

conditions (Möller & Spencer 2002; Leonardi et al. 2018; Schulze et al. 2019). 
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Table 1. Magnitudes of hydrodynamic energy attenuation by different saltmarsh species reported in 

published studies.  

Paper Hydrodynamic 

Parameter 

Reduction of 
Hydrodynamic 
Parameter (%) 

Saltmarsh 

Transect Length 

Notes 

Cooper 2005 Wave height 94% 425m Puccinellia maritima 

and Salicorinia 

europaea 

Wave energy 99% 

Wave height 69% 542m Atriplex 

portulacoides and 

Spartina alterniflora 

Wave energy 79% 

Wave height 85% 387m Atriplex 

portulacoides and 

Salicorinia europaea 

Wave energy 96% 

Möller et al. 1999 Wave energy 82% 180m Field measurements, 

Stiffkey marshes 

Möller et al. 2001 Wave height 61% 180m Field measurements, 

Stiffkey marshes 

Möller & Spencer 

2002 

Wave height 87.37% 163m Tillingham saltmarsh, 

gentle slope Wave energy 98.92 

Wave height 43.81% 10m Bridgewick 

saltmarsh, cliff Wave energy 79.13% 

Yang et al. 2008 Wave height 16% 16.5m Scirpus mariqueter 

Wave height 37% 13.5m Spartina alterniflora 

Cv 0.97%/m 

(~87.3%) 

90m Mixed marsh, 

Chongming 

Ysebaert et al. 2011 Wave height Up to 80% <50m Scirpus mariqueter 

Spartina alterniflora 

Differences in the bed topography of saltmarshes can have significant impacts on rates 

of hydrodynamic energy attenuation (Möller & Spencer 2002). A study by Möller & 

Spencer (2002) compared attenuation rates at two saltmarsh sites with differing 

topographies at their seaward edges at the Dengie marshes, England. Though part of the 

same marsh system, significant differences in attenuation of wave heights and energy 

could be observed between the two sites. The cliff site was less effective at attenuating 

waves overall compared to the site with sloped seaward topography (Table 1) and wave 

shoaling at the cliff edge was observed to increase wave height (Möller & Spencer 2002). 

However, shoaling leads to the wave breaking which should contribute to a reduction of 

wave energy (Mendez & Losada 2004) which may have contributed to the ultimately 

positive attenuation values at the cliff site (Table 1) despite the initial wave height 

increase. 

Hydrodynamic conditions at saltmarsh sites are also a driver of spatial and temporal 
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variability in hydrodynamic energy attenuation (Cooper 2005; Leonardi et al. 2018; Möller 

2006). Over any coastal surface, hydrodynamic conditions significantly impact the rate of 

landward hydrodynamic energy attenuation (Augustin et al. 2009; Le Hir et al. 2000; 

Möller 2006). For example, greater tidal amplitudes are accompanied by increased Cv at 

greater heights above the unvegetated sediment surface (Bouma et al. 2005a). This 

relationship holds true within saltmarsh vegetation as well though Cv were observed to 

be a magnitude lower within the saltmarsh canopy (Bouma et al. 2005a). Furthermore, 

water depth and incident wave height are a significant control factor for the attenuation 

of waves over unvegetated coastal surfaces (Le Hir et al. 2000). These conditions can also 

significantly impact wave attenuation within saltmarshes (Möller et al. 2001; Möller & 

Spencer 2002). In the case of the Stiffkey marshes in England, the negative relationship 

between water depth and wave attenuation was found to be more apparent over 

saltmarsh than over unvegetated surfaces (Möller et al. 2001). On the other hand, just 

down the coast at the Dengie marshes, water depth was observed to have little relevance 

to wave attenuation rates outside of the seaward edge of the vegetation (Möller & Spencer 

2002). Though the extent of the impact of hydrodynamics is evidently very site-specific, 

in both cases hydrodynamic conditions have some effect on the attenuating capacity of 

the saltmarsh. 

The vegetation-hydrodynamic interactions and attenuation capacity of a saltmarsh are 

most directly impacted by the structure and biophysical properties of the vegetation itself 

(Schulze et al. 2019). Though water depth is a significant hydrodynamic parameter for 

determining attenuation, within a saltmarsh canopy it is important to consider water 

depth in relation to plant height (Garzon et al. 2019). A laboratory experiment by Augustin 

et al. (2009) concluded that emergent plant stems attenuated hydrodynamic energy 

more effectively than fully submerged stems. This was observed in the field by (Yang et al. 

2012) where overall taller vegetated communities dissipated hydrodynamic energy more 

efficiently and stem submergence – the ratio of water depth to plant height – was found 

to be inversely correlated to plant height. Stem flexibility can also influence 

hydrodynamic energy attenuation capacity where increasing plant flexibility causes less flow 

resistance and therefore less efficient attenuation (Bouma et al. 2005b). These 

vegetation characteristics will be specific to the growing conditions and species 

compositions at different saltmarsh sites. 

The efficiency with which vegetation can resist hydrodynamic flow varies between 

species (Bouma et al. 2005b; Schulze et al. 2019). For example, Yang et al. (2008) 

observed that the taller, densely growing Spartina alterniflora was more effective at 

attenuating wave heights compared to Scirpus mariqueter which has relatively lower 

above-ground biomass as it is, on average, shorter and grows less densely. There are 

several studies that have made similar observations of significant differences in 

attenuation capacities between plant species due to their characteristic biophysical 

properties (Rupprecht et al. 2017). Furthermore, there is evidence to suggest that growing 

conditions such as salinity levels, lengths of inundation, and differences in exposure to 
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hydrodynamic energy can cause species to prioritise characteristics such as height and 

diameter differently thereby possibly altering these biophysical properties both within 

and between saltmarsh sites (Schulze et al. 2019). This will cause spatial variation of the 

attenuation capacity of saltmarshes according to species composition and growing 

conditions. 

Temporal variation of the attenuation capacity of saltmarsh vegetation has also been 

observed due to changes in plant biophysical properties across seasons (Möller & Spencer 

2002; Schulze et al. 2019). A study by Schulze et al. (2019) found that in two common 

saltmarsh plants, both plant stem flexibility and aboveground biomass varied significantly 

from Spring to Summer. Similarly, a study by Möller & Spencer (2002) found that 

vegetation density varied significantly between seasons and generally peaked in 

November at their study site. This study also found that wave energy attenuation varied 

seasonally and that it was greatest from September to November and lowest in spring 

from March to July which was positively associated with seasonal vegetation growth at 

this site (Möller & Spencer 2002). 

It is evident that the attenuation capacity of saltmarshes is greatly influenced by several 

key factors including marsh topography, hydrodynamic conditions, and plant biophysical 

properties. These factors can vary greatly between different saltmarsh habitats 

contributing to the site-specificity of attenuation capacity. Tools that facilitate long-term, 

detailed measurements of hydrodynamics within saltmarsh canopies would therefore be 

valuable for obtaining field measurements that provide insights into hydrodynamics 

within saltmarsh canopies at multiple spatial and temporal scales. This would be useful 

for gaining a deeper understanding of saltmarsh attenuation potential at specific sites 

and for identifying patterns across different saltmarsh habitats. 

2.3.2. Storm conditions 

Weather conditions can also cause variations in vegetation-hydrodynamic interactions. 

Hydrodynamics within saltmarsh vegetation have mostly been monitored under benign 

conditions (Rupprecht et al. 2017). The attenuation capacity of saltmarshes during storm 

events predicted in the literature is therefore usually based on flume experiments (Möller 

et al. 2014), proxy values such as damage reduction in coastal settlements (Costanza et 

al. 2008), and hydrodynamic modelling (Sheng et al. 2012). A flume experiment by Möller 

et al. (2014) found that saltmarsh vegetation could dissipate waves of up to 1m by up to 

20% at 40m from the seaward edge even at the increased water depths expected during 

storm conditions. Field measurements by Garzon et al. (2019) during storm conditions 

found that higher waves of up to 1.55m were dissipated by up to 50% at 250m from the 

saltmarsh edge. Peaks of storm surge levels have also been found to decrease 

significantly behind saltmarshes (Wamsley et al. 2009). On average, peak surge levels 

have been reduced by 1m for every 14.5km that the surge has flowed over saltmarsh 

vegetation during hurricane events (Wamsley et al. 2010). However, similarly to benign 

conditions, hydrodynamic energy attenuation during storms is complex and varies greatly 
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depending on storm characteristics and saltmarsh habitat and ecosystem properties 

(Leonardi et al. 2018). 

The efficacy with which a vegetated saltmarsh community can attenuate hydrodynamic 

energy under storm conditions relies on marsh width, topography, and species 

composition (Leonardi et al. 2018; Stark et al. 2016). Storm surge and hydrodynamic 

energy attenuation is species specific according to plant biophysical properties. For 

example, in a study comparing two common saltmarsh species - Elymus athericus and 

Puccinellia maritima - it was found that the taller, stiffer E. athericus was more effective 

than the low-growing P. maritima at attenuating waves at lower water levels (Rupprecht 

et al. 2017). With long wave periods and higher water levels as might be expected in a 

storm, however, P. maritima was observed to dissipate waves by up to 35% while E. 

athericus did not cause any significant attenuation under these conditions (Rupprecht et 

al. 2017). In general, it is thought that more flexible vegetation conforms more to the 

dominant direction of hydrodynamic flow at a high angle providing less resistance and 

therefore lower rates of attenuation (Bouma et al. 2005b) however this example 

evidences the complexity of vegetation-hydrodynamic interactions. 

Furthermore, wider saltmarshes, on more elevated platforms, with a more continuous 

canopy are generally expected to attenuate hydrodynamic energy more effectively 

(Leonardi et al. 2018; Sheng et al. 2012; Stark et al. 2016). This suggests that saltmarsh 

degradation from erosion and sediment depletion could negatively impact the 

attenuation capacity of saltmarshes (Temmerman et al. 2012). Also, a modelling study by 

Sheng et al. (2012) found that attenuation in saltmarsh vegetation increased with 

increased storm intensity and greater forward speed due to onshore winds lasting for a 

relatively shorter period. Longer storms and slower storms are associated with a relative 

reduction in attenuation by saltmarsh vegetation (Sheng et al. 2012; Wamsley et al. 2010). 

These less violent storms are also associated with relatively greater morphological 

damage to the saltmarsh (Leonardi et al. 2018). Vegetation can be lost and damaged due 

to flattening during storm events; more flexible vegetation has been found to be more 

resistant to storm damage while stiffer stems are more prone to breakage (Möller et al. 

2014; Rupprecht et al. 2017). Also, though stiffer plant species can more effectively resist 

hydrodynamic flow and contribute to storm surge reduction, they can increase 

turbulence and scour while the flattening of more flexible plants can shield the marsh 

surface from erosion (Leonardi et al. 2018). 

2.3.3. Impact of plant traits on attenuation capacity 

Biophysical characteristics of saltmarsh plants and vegetation communities have an 

impact on their capacity to attenuate hydrodynamic energy. For example, plant stem 

density is known to profoundly impact attenuation capacity where higher plant density 

more efficiently diffuses waves (Leonard & Croft 2006; Leonard & Luther 1995; Neumeier 

& Ciavola 2004). Plant density (d) can be measured as the number of stems per m2. 

Another factor that can significantly influence the rate and magnitude of hydrodynamic 
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energy attenuation is the seaward-facing surface area of the vegetation (Figueroa-Alfaro 

et al. 2022; Mendez & Losada 2004). This can be expressed as a single parameter – the 

Frontal Surface Area (FSA) - derived from plant height (h), plant basal diameter (Bd), and 

the number of plants per unit area (density, N): FSA = h x d x Bd (Figueroa-Alfaro et al. 

2022). As FSA increases, rates of attenuation are expected to increase (Figueroa-Alfaro et 

al. 2022). Finally, the attenuation capacity of saltmarsh species will also be impacted by 

the mechanical stability of the plant (Bouma et al. 2005b). The slenderness coefficient (S), 

defined as the ratio of height (h) to basal diameter (Bd), (S = h/ Bd) is an indicator of 

mechanical stability where greater slenderness indicates lower mechanical stability 

(Chatagnier 2012; Vovides et al. 2014). Therefore, as slenderness increases and a plant’s 

ability to withstand mechanical stress decreases, attenuation capacity is expected to 

decrease. 

The body of research on these biophysical mechanisms of hydrodynamic energy 

attenuation in saltmarshes has grown in the past decade but is usually explored through 

the lens of how plants impact their physical environment (Pétillon et al. 2023). However, 

there is evidence that environmental conditions can impact plant morphology and 

physiology (Shao et al. 2020; Silinski et al. 2018). For example, Shao et al. (2020) found 

that increased wave exposure suppresses stem height in Spartina alterniflora and 

increases belowground biomass allocation. This will have implications for ecosystem 

service delivery and the capacity of saltmarsh vegetation to attenuate hydrodynamic 

energy. The impact that abiotic conditions have on saltmarsh plants will inform the long- 

term efficacy of nature-based solutions for flooding, but it is an area that is currently 

understudied (Pétillon et al. 2023). 

2.4. Monitoring Coastal Hydrodynamics 
Hydrodynamics are an important driving force behind wetland system dynamics across a 

range of ecosystems both spatially and temporally (Allen 2000). Tidal characteristics at a 

saltmarsh determine their elevational limits (Balke et al. 2016), impact seedling 

establishment (Balke et al. 2014) and impact the stability of the marsh in response to sea 

level rise (Kirwan & Guntenspergen 2010). Shifts in tidal channels impact the exposure of 

saltmarshes to wave and currents (Ladd et al. 2021) and exposure to wave and currents 

influences erosion and expansion of the marsh (van der Wal & Pye 2004). Hydrodynamic 

monitoring has proven to be an essential prerequisite for designing coastal restoration 

programs and monitoring their success (Balke et al. 2021; Billah et al. 2022). Long-term, 

detailed records of coastal hydrodynamics are therefore essential to better understand, 

protect, and restore coastal ecosystems (Waltham et al. 2020) and to better understand 

and assess their ecosystem services (Möller et al. 2014). 

There are a variety of commercially available sensors that reliability monitor fine-scale 

and have been traditionally used for these monitoring purposes. However, traditional 

hydrodynamic monitoring equipment often has the drawback of depending on existing 
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infrastructure or being high-cost and requiring specialist knowledge to operate. Records 

from nearby tide gauges or in-situ pressure sensors can be used to derive inundation 

frequency and duration at a site (Balke et al. 2021) but this relies on a pre-existing tide 

gauge close to the study site for reliable data. Pressure sensors can be calibrated to 

collect pressure data from which inundation depth, duration, and frequency can be 

derived. Equipment such as acoustic Doppler velocimeters (ADVs), acoustic Doppler 

current profilers (ADCPs), and electromagnetic flow meters (EMFs), can be used to 

measure Cv and direction (for example, (Möller et al. 2014). Though they are reliable, 

these tools are expensive and are therefore usually only deployed for short periods during 

specific studies to avoid theft or damage. Monitoring infrastructure is also expensive to 

maintain and not always available for every study site. All these factors hinder the 

accessibility of consistent, continuous, high resolution hydrodynamic data in coastal 

habitats. 

As an alternative to these sensors, inertial measurement unit sensor technology is being 

rapidly developed and increasingly being deployed to monitor natural systems (Balke et 

al. 2021; Maniatis, 2021). Inertial measurement unit sensors are mobile, usually more 

cost-effective, sensors which include micro electrical mechanical systems such as 

accelerometers, gyroscopes, and magnetometers (Maniatis, 2021). Over the last 15 

years, the use of this technology has become well established in fields such as 

geomorphology (Maniatis, 2021) and is now starting to be applied more frequently to 

hydrodynamic research (Balke et al. 2021). Dip-current meters, which incorporate 

accelerometers, have been used to measure the velocity of waves and currents in coastal 

waters (Figurski et al. 2011; Hansen et al. 2017). The Mini Buoy incorporates 

accelerometers to monitor current velocities, wave orbital velocities, and inundation 

duration and frequency in intertidal settings (Balke et al. 2021). The use and development 

of this technology is still very much in its infancy, and it is important to note that its use 

in monitoring natural systems still requires exploration and refinement (Maniatis, 2021). 

2.4.1. The Mini Buoy 

The Mini Buoy is a customisable, drag-tilt current sensor and a more accessible 

alternative to traditional hydrodynamic monitoring methods (Balke et al. 2021). 

Components of the Mini Buoy (Figure 1) are commercially available and inexpensive 

compared to traditional, specialist equipment. The Mini Buoy is also associated with a 

custom-built Mini Buoy App that allows users to input data for analysis, interpretation 

and recommendations (Balke et al. 2021; Ladd et al. 2024a). Also, Mini Buoys are small 

and easy to transport, have been updated to be more durable in tidal environments (Ladd 

et al. 2024a), and a detailed guide is available on how to assemble them (Ladd et al. 

2024b). 
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Figure 1. Mini Buoys tethered to the ground. A) B4+ model of the Mini Buoy B) Pendant model of the Mini 
Buoy 

The Mini Buoy contains an acceleration data logger which records acceleration along the 

x-y-z axes as G-forces (where 1G = 9.81 m s-2) from which tidal inundation characteristics

(duration and frequency) and Cv can be derived; more recent models can also measure

wave orbital velocities (Balke et al. 2021; Ladd et al. 2024a). To develop this tool, the Mini

Buoy was deployed mudflats in a former aquaculture pond area in Indonesia, and in the

Bay of Fundy in Canada where its outputs were calibrated against industry-standard

water level and Cv sensors (Balke et al. 2021). It has since been used to support a variety

of studies monitoring coastal hydrodynamics to support research on mangrove

biodiversity and restoration (Basyuni et al. 2022; Hasibuan et al. 2021) and the

biomechanical properties of saltmarsh vegetation (Keimer et al. 2023). However, in each

case Mini Buoys have been deployed only on tidal mudflats on the fringes of coastal

vegetation with no studies thus far investigating how they preform within the canopy.

Widening the application of the Mini Buoy to monitor hydrodynamics within coastal

vegetation would provide a wealth of information on vegetation-hydrodynamic

interactions for researchers and coastal planners.

Although there are many advantages to the Mini Buoy, there are several limiting factors to 

consider when using them; their durability, sensitivity to low Cv, memory/battery capacity, 

and the effort it takes to assemble them. There are now three models of the Mini Bouy 

available which each offer their own advantages. The original Mini Buoy, the B4, was 

found to degrade over time, has a detection limit of 0.043 ms-1, and cannot measure wave 

orbital velocities (Ladd et al. 2024a). The updated B4+ model was presented in an effort 

to improve on all of these limitations. Designed to be more durable, the B4+ has its 

acceleration logger housed within a UV-protected centrifuge tube and is thoroughly 

waterproofed with a rubber O-ring around the inside of the lid ( 

Figure 2) and the outer lid sealed with silicone sealant (Ladd et al. 2024a). Also, the B4+ 

has been calibrated to measure wave orbital velocities at a minimum sampling rate of 

A 
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10s, has a lower detection limit of 0.018 ms-1, and has demonstrated increased sensitivity 

to waves and currents due to the addition of 20g of lead shot weight (Ladd et al. 2024a). 

Figure 2. Diagram of the placement of the rubber O-ring 
inside the lid of the centrifuge tube when assembling the 
B4+ Mini Buoy. 

The Pendant model, also presented in Ladd et al. (2024a), uses the Pendant HOBO G 

accelerometer which is housed in a float as factory standard and is therefore less effort to 

assemble than the B4+. It can also measure wave orbital velocities at a minimum sampling 

rate of 10s and has a detection limit of 0.049 ms-1 (Ladd et al. 2024a). The duration of 

deployment for the Pendant is limited by its memory capacity of 64 KB which would only 

allow it to be deployed for ~8 days when sampling at 10s. This length of deployment would not 

be fully representative of a full tidal cycle and as such it is recommended that surveys last 

at least 15 days (Ladd et al. 2024a). In contrast, even at a higher sampling rate of 1s, the 

B4+ can be deployed for ~25 days. However, as Mini Buoys can only measure Cv when they 

are fully inundated, the total height of the model should also be considered when 

deployed in environments with shallow water depths. The B4+ is 155 mm in length while 

the Pendant is 108 mm. The smaller Pendant model will require less water depth to begin 

producing Cv outputs which may be better suited to measuring along transects that rise in 

elevation as is the case in this study. In any case, comparing the use of multiple models of 

the Mini Buoy in different research contexts to compare how they perform will enable us 

to make informed recommendations on which environments and research goals they are 

best suited for to facilitate their usage for coastal managers. 

3. Methods
3.1. Field Site 

The Clyde Estuary is the largest on Scotland’s west coast and is situated inland of the Firth 

of Clyde. The estuary is long and narrow and extends 40km from Greenock to the City of 

Glasgow (Karunarathna 2011). Tides in the estuary are semi-diurnal and have spring and 

neap tidal ranges of 3.0m and 1.9m respectively (Karunarathna 2011). The mouth of the 

estuary is mostly sheltered from wave penetration from the Firth of Clyde, so wave heights 

are largely dependent on local wind conditions, and tidal currents are mostly weak with 

velocities below 0.5 m s-1 (Cressey & Johnson 2004; Firth & Collins 2002) creating an 

environment with overall low hydrodynamic energy. Tidal asymmetry has been observed 



30 

in the Clyde Estuary with greater ebb tide velocities compared to flood tide velocities 

(Brown et al. 2024). The main freshwater inputs into the estuary are from the River Clyde 

and its five tributaries (the Rivers Kelvin, White Cart, Black Cart, Gryffe and Leven) which 

altogether average an annual freshwater flow of 110 m3s-1 and an estimated 50-year flood 

flow of 1438 m3s-1 (Bekic et al. 2006). A pattern of increasing seasonal variability of flow 

volume into the Clyde estuary has been observed (Jones & Ahmed 2000). 

The morphology of the Clyde Estuary has been heavily influenced by human settlement on 

its banks. The Clyde Estuary is inhabited by the city of Glasgow, Scotland’s most densely 

populated city (3400 people/ km2) (World Population Review 2024). Because of its 

association with the city of Glasgow, the environment of the Inner Clyde Estuary has a long 

history of pressures from urbanisation and heavy industry. The River Clyde has been 

continuously dredged over the last 200 years for shipping and navigation, structures such as 

embankments and seawalls have been implemented for flood protection, and built- up 

areas continue to replace the Clyde Estuary’s inter-tidal environments as Glasgow’s 

population continues to grow (World Population Review 2024). Despite this, the Inner 

Clyde Estuary continues to host a variety of morphological features including sandflats, 

mudflats, and some areas of saltmarsh. Extensive mudflats can be found throughout the 

Inner Clyde Estuary at sites including Dumbarton, the field site in this study. Several areas of 

saltmarsh have also been identified in the Inner Clyde Estuary including an extensive area 

in Dumbarton. The value of these wetland environments is recognised nationally and 

internationally by the Inner Clyde Estuary’s designation as a Ramsar wetland, a European 

Commission (EC) Special Protection Area, and a Site of Special Scientific Interest. A total 

extent of 41 ha of saltmarshes inhabits the Inner Clyde Estuary (Haynes 2016). There are 

well-established but fragmented communities on both banks of the River Clyde. On the 

north bank these spread across several sites from Dumbarton Castle to Ardmore (Figure 3; 

Hansom et al. 2017) including a community at Dumbarton itself. On the south bank 

saltmarsh vegetation can be found along the Black and White Cart tributaries near Glasgow 

Airport, Newshot island, Longhough point and Langbank East Crannog (Figure 3). 
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Figure 3. Salt marsh distribution (green polygons) along the Inner Clyde Estuary Ramsar site (pink 
polygon). Source: map adapted from NatureScot (Haynes 2016). 

The field site at Dumbarton on the northern bank of the River Clyde was chosen for this 

study due to the large, distinct, monospecific stands of both Bolboschoenus maritimus and 

Phragmites australis that are found there. A significant proportion (43.9%) of the 

saltmarshes of the Inner Clyde Estuary are made up of these brackish species and by some 

accounts their extent in Scotland is growing (Haynes 2016). As an increasingly prominent 

feature of Scotland’s shoreline, it is important to the implementation of nature-based 

solutions to flooding that the Cv attenuation capacities of these brackish species be better 

understood. Therefore B. maritimus and P. australis were chosen as the focal species of this 

study. At Dumbarton both species grow in distinct, reasonably monospecific belts that 

spread more than 10m inland allowing for uniform transects to be set up within them for 

hydrodynamic monitoring. Transects were set up perpendicular to the main channel of the 

River Clyde starting on the mudflat and ending 10 m into the vegetation. A total of six 10 m 

transects (3 transects per species) were delimited within homogenous, distinct patches of 

B. maritimus and P. australis as is represented in Figure 4.
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Figure 4. Layout of Mini Buoy logger deployment transects at the Dumbarton field site. Pendant and 

B4+ Mini Buoys were deployed 1m apart along each transect in parallel lines. 

Transect 1 was furthest west and situated in a patch of B. maritimus which was bordered 

on its eastern side by a creek that separated it from the patch of P. australis that hosted 

transect 2 (Figure 4). Transects 3 and 4 were both B. maritimus transects; these transects 

were situated at the highest elevation compared to other transects in the study. The two 

transects furthest to the east were transects 5 and 6 and were both P. australis transects; 

these were situated at the lowest elevation compared to other transects in the study and 

were bordered on the eastern side by a creek (Figure 4). All these transects were within 

walking distance of each other at Dumbarton. This was convenient for fieldwork and 

allowed for the hydrodynamic and ecological data collected from these two species to be 

comparable by limiting the possibility of spatial variability in environmental conditions 

between the species sites. The field site at Dumbarton was also interesting due to its 

proximity to the town of Dumbarton. To the west of the field site, near Dumbarton Rock, 

housing developments are encroaching on the intertidal banks of the River Clyde. 

Infrastructure including warehouses and Glasgow Road closely boarder the saltmarsh at 

this site and, notably, the trainline from Glasgow to Balloch runs through the saltmarsh 

(Figure 5). The topic of flood defence is therefore especially pertinent at this site where 
nfrastructure is imminently threatened.
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Figure 5. Train line through saltmarshes in the Inner Clyde Estuary at Dumbarton. 

3.2. Field Site Experimental Design 

3.2.1. Effectiveness of two Mini Buoy models for the quantification of Cv 

attenuation by vegetation 

To examine which model is most effective at quantifying Cv attenuation, B4+ and Pendant 

Mini Buoys (Figure 6) were deployed 1m apart from each other in parallel lines with the 

first sensor tethered to the bare mudflat in front of the saltmarsh vegetation, one 5 m into 

the vegetation, and the last was positioned 10 m into the vegetation.  

Figure 6. Representations of fully submerged B4+ and Pendant Mini Buoy models (figure adapted from 
Ladd et al. (2024)). 
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The B4+ model requires assemblage before deployment as the logger used for this model 

– the MSR145W B4 accelerometer (MSR Electronics GmbH, Switzerland; specifications in

Table 2) – does not float well. The float, therefore, must be assembled and it consists of a

sealed, UV-resistant centrifuge tube casing which contains lead shot, floral foam and the

MSR145 accelerometer. The lead shot has proven to increase the sensitivity of the

accelerometer to wave orbital velocity measurements by destabilising it in the water

column due to reduced buoyancy (Ladd et al. 2024a), and the floral foam holds the logger

in place within the tube. A hole is drilled at the bottom of the centrifuge tube so that a

metal eye bolt can be inserted, this is covered in epoxy glue to waterproof it. To further

waterproof the B4+, a rubber O-ring is inserted into the lid and the lid is then sealed

by applying silicone sealant. Crimped fishing line rings are attached to the metal eye

ring so that it can be securely tethered to a metal stake (Figure 6) but retain some freedom

to move with the currents. The standard protocol for assembling the B4+ is described in detail

in the Mini Buoy Handbook (Ladd et al. 2024b). The B4+ is 17 cm tall and should appear

as in Figure 6 when fully assembled.

In contrast, the Pendant Mini Buoy model consists of the HOBO UA-004-64 Pendant G 

Acceleration Data Logger (specifications in Table 2)  which is an integrated accelerometer 

and float. This model requires minimal assemblage before deployment as the housing of 

the data logger is waterproof and buoyant. Crimped fishing line rings need to be attached 

to the integrated anchor point so that it can be securely tethered to a metal rod but retain 

some freedom to move with the currents. The Pendant is ~11 cm tall and should appear 

as in Figure 6 when fully assembled. 

The Mini Buoys deployed on the bare mudflat were anchored to the mudflat with the lower 

fishing line ring cable tied to a perforation at the top of a metal rod that has been 

hammered into the ground. To deploy the Mini Buoys within the vegetation canopy, an 

area of vegetation slightly greater than the height of the Mini Buoy itself – 25 cm2 for the 

B4+ and 15 cm2 for the Pendant – had to be cleared so that the movement of the Mini Buoy 

would not be restricted in any direction by the surrounding plants and impact the 

measurements recorded. A heavy, non-buoyant rubber mat was placed over the cleared 

vegetation to prevent it from growing back over the duration of the deployments. The 

rubber mat was anchored by pegs hammed through it and into the ground at each corner 

and the Mini Buoys were tethered to a metal rod that was hammered into the ground 

through a hole in the centre of the mat. 
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Table 2. Technical specifications for the HOBO UA-004-64 Pendant G and MSR145W B4 
accelerometers. 

For the purposes of this study, the Pendant loggers were set up to measure only x-axis 

acceleration at a frequency of 0.1Hz (one reading every 10 seconds). With these settings, 

the memory was filled within ~8 days after which the logger would stop recording. 

Pendant Mini Buoys were deployed for ~10 days at a time to minimise the gap in data 

between deployments. Throughout the duration of this study the batteries did not have 

to be changed in any of the Pendant Mini Buoys. The B4+ Mini Buoys were set up to 

measure only y-axis acceleration at a rate of 1Hz (one reading per second). With these 

settings the maximum duration of deployment for the logger was predicted to be 25 days 

after which the battery would run out of charge. The MSR 145 logger within the B4+ has 

an internal rechargeable battery so each deployment for the B4+ lasted ~20 days before 

being replaced by freshly programmed recharged ones. Three deployments of the B4+ 

Mini Buoys were carried out for this study. All loggers were first deployed on the 11 th of 

May 2023 and in total, six deployments of the Pendant Mini Buoys and three deployments 

of the B4+ Mini Buoys were carried out. Between May 11th and August 1st, data for a total 

of 35.8 days was recorded by all Pendant Mini Buoys. Unlike the Pendant deployments 

there were no gaps between deployments for the B4+ Mini Buoys due to greater memory 

capacity (Table 2), therefore more data was collected in the same period by the B4+ 

sensors.  A total of 51.6 days was recorded by the B4+ loggers on transects 1 to 5, and 

due to tidal conditions impacting logger retrieval on transect 6, a total of 54.7 days were 

recorded by the B4+ loggers on transect 6. 

3.2.2. Assessment of plant traits for two saltmarsh species 

The patches of B. maritimus and P. australis in which the Mini Buoys were deployed were 

monitored throughout the growing season from May to July. To assess plant and 

community characteristics of B. maritimus and P. australis, measurements of height, 

basal diameter and stem density were taken using the following protocol. 

Quadrats of 1 m2 were set up in the space between the two Mini Buoys models at each 

position along each transect. A 20 cm2 subplot was set up in the top, right corner of the 

main quadrat. All species present in the quadrat were identified and the percentage cover 

for each was estimated by eye. The vegetation was reasonably homogenous so for more 

detailed measurements only the dominant species in the quadrat (either B. maritimus or 

HOBO UA-004-64 

Pendant G 

MSR145W B4 

Measurement range ±3g ±10 G / ±2 G selectable 

Accuracy at 25oC ±0.075g ±0.15g 

Memory 64K bytes Formattable 
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P. australis) was considered. All stems of the dominant species present in the subplot

were counted and the height and basal diameter were measured for 10 live stems chosen

randomly within the subplot. Plant height was measured using a tape measure from the

ground to the tip of the plant. The basal diameter of the plants was measured using an

electronic calliper at the stem ~2 cm from the ground. These measurements were taken

every month from May to July; a total of three times over the monitoring period.

Plant trait measurements were used to derive vegetation parameters including: a) density (d, 

stems m-2), b) frontal surface area (FSA) calculated from plant height (h), plant basal diameter 

(Bd), and density as h x Bd x d (Figueroa-Alfaro et al. 2022) and, c) slenderness coefficient (S), 

expressed as the ratio between stem basal diameter (Bd) and stem height, where S= h/Bd 

(Chatagnier 2012; Vovides et al. 2014), which were further used to explore vegetation 

community characteristics and correlate plant traits with Cv attenuation capacity. 

3.2.3. Assessment in Cv attenuation between two saltmarsh species 

In order to assess differences in current attenuation between two saltmarsh species, Cv 

was monitored on the mudflat and within the vegetation as outlined in section 3.2.1. so 

that attenuation could be quantified following the approach outlined in section 3.3.3. 

This was then correlated to the characteristic morphological traits of each species – B. 

maritimus or P. australis – following the approach outlined in section 3.3.3. Data on the 

characteristic morphological traits of each species was collected following the method 

outlines in section 3.2.2. 

3.3. Statistical approach 

3.3.1. Effectiveness of two Mini Buoy models for the quantification of Cv 

attenuation by vegetation 

To assess two models of the Mini Buoy – the B4+ and the Pendant – the inundation 

characteristics recorded by each model across the logger positions were calculated and 

compared. The percentage difference between the two models of the cumulative number 

of days recorded over the monitoring period was calculated to assess the practicality of 

each model as a long-term hydrodynamic monitoring device. To assess how differently 

inundation characteristics at the same site are represented by each model the percentage 

difference of the total recorded number of inundation events between them was 

calculated. Further, the total inundation duration detected by each model, represented 

as a percentage of the full monitoring duration, was calculated per logger position. Also, 

the total recorded number of inundations was divided by the total number of days 

monitored to gauge the number of inundations detected per day by each model at each 

logger position (mudflat, 5m vegetation, 10m vegetation) and the average number of 

inundations detected per day at each position was compared between loggers using a 

Wilcoxon test. Finally, to assess how effective each model was at detecting Cv, the 

number of inundation events with detectable Cv was calculated and represented as a 



37 

percentage of the total number of detected inundation events per model per logger 

position. 

Due to the low percentage of inundation events with detectable Cv 10m into the 

vegetation across both saltmarsh species, there was not enough Cv data available for a 

robust analysis of current attenuation 10m into the vegetation. Data from this logger 

position was therefore not used for Cv attenuation analyses in either B. maritimus or P. 

australis. Also, the B4+ recorded a lower percentage of inundation events with detectable 

Cv on the mudflat than the Pendant. The Cv data collected by the B4+ on the mudflat was 

not sufficient for a robust analysis of current attenuation therefore only data from the 

Pendant Mini Buoy model was used to assess Cv attenuation. 

3.3.2. Assessment of plant traits for two saltmarsh species 

To assess how each species behaved in relation to exposure to hydrodynamic energy, the 

slenderness (S) of B. maritimus and P. australis was graphed over time separately for the 

vegetation developing at the mudflat and 5m into the vegetation and a Wilcoxon test was 

used to compare S means between the logger positions at each month for each species. 

Furthermore, to assess how vegetation characteristics changed over time and 

understand differences between species within the vegetation belt (at the point where 

current attenuation was measured), Wilcoxon test was used to compare FSA and density 

(d) of each species 5m into the vegetation over the monitoring period within and between

species over the monitoring period.

3.3.3. Assessing differences in Cv attenuation between two saltmarsh species 

Acceleration data from the Pendant Mini Buoy was used to calculate Cv. When fully 

inundated, any tilting of the Mini Buoy away from its vertical position (90°) in the water 

column is caused by the force of a current pushing against it where a greater tilt indicates 

a stronger current. Current velocity can be derived from the tilt of the Mini Buoy during 

full inundation according to calibrations carried out by Balke et al. (2021) and Ladd et al. 

(2024); these studies include a comprehensive description of the calibration of the Mini 

Buoys. 

To assess current attenuation in B. maritimus and P. australis, the overall frequency of 

inundation events with detectable Cv (75th quantile value of inundation event greater than 

the HOBO detection limit) over the entire monitoring period was calculated per species 

on the mudflat and 5m into the vegetation as an indicator of whether current attenuation 

was taking place. Further, Cv reduction was measured as the percentage reduction of the 

75th quartile value of Cv measured by the Pendant Mini Buoy on the mudflat (I) to the 75th

quartile value of Cv measured by the Pendant 5m into the vegetation (V) during the same 

inundation event: ((I – V)/I) x 100. 

The average current reduction at B. maritimus and P. australis sites over the entire 

monitoring period were compared using a Wilcoxon test to determine whether there was 
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a significant difference between the two species. To investigate the temporal variability, 

the current reduction at each species site was plotted and compared between monitoring 

months (May, June, and July) using a Wilcoxon test. Further, to investigate how initial velocity 

(Cv at the mudflat) impacted current attenuation, the current reduction at each species 

site was sorted into inter-quartile bins according to their corresponding initial velocities 

(Cv measured at the mudflat position), and these bins were compared using Wilcoxon 

tests for each species. 

Finally, three generalised additive models (GAMs) were run to investigate the impact of 

time, initial velocity, and either stem density, FSA, or slenderness on current attenuation 

in B. maritimus and P. australis. The most effective model for further analysis was 

identified by comparing the deviance explained by each model and the Akaike 

Information Criterion (AIC) for each model. The three generalised additive models (GAMs) 

were run each using saltmarsh species interactions with initial velocity, month, and either 

FSA (GAM1), density (GAM2), or slenderness (GAM3) as explanatory variables (smoothing 

terms), species was assigned as a fixed effect, and logger transect and position as random 

effects. 

4. Results

4.1. Inundation characteristics 
Table 3. Cumulative number of days recorded throughout the monitoring period by each Mini Buoy model 
at each transect. 

Logger Transects Cumulative no. of days 

recorded 

HOBO 1-6 35.8 

MSR 1-5 51.6 

6 54.7 

Difference between HOBO and MSR (%) +44.13 - 52.80

The number of days recorded by the MSR Mini Buoy was overall higher than the number of 

days recorded by the HOBO Mini Buoy throughout the monitoring period of this study. The 

HOBO recorded a cumulative 35.8 days per transect over all the deployments (Table 3). 

The total duration of recording for the MSR on the other hand, was 44.13% - 52.80% higher 

than that of the HOBO at a cumulative 51.6 days of data from transects 1 to 5, and 54.7 days 

on transect 6 (Table 3). 

4.1.1. Number of inundation events 

There was variation in the number of inundation events detected by each model at each 

logger position. At P. australis sites, the MSR detected a higher number of inundation 

events consistently across all logger positions (Table 4). At the mudflat for P. australis, 
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57.50% more events were detected by MSRs than by HOBOs (Table 4) corresponding to 

the 44.13% - 52.80% greater duration recorded by MSR (Table 4). In contrast, 5m and 10m 

into the vegetation, numbers of inundation events detected by MSRs compared to 

HOBOs were only increased by 25.17% and 5.38% respectively (Table 4). At B. maritimus 

sites, the number of inundation events detected by MSRs was only greater than the 

number detected by HOBOs throughout the monitoring period on the mudflat, and this 

was only greater by 12.71% (Table 4). Within the vegetation at B. maritimus sites, the 

number of inundation events recorded by MSRs was lower than the number recorded by 

HOBO by 11.90% 5m into the vegetation and 28.89% 10m into the vegetation (Table 4). 

Table 4. Number of inundation events recorded throughout the monitoring period by each Mini Buoy 
model per species. 

Species Logger 

position 

Number of events Difference 

between 

HOBO and 

MSR (%) 

HOBO MSR 

B. maritimus Mudflat 181 204 +12.71

5m Veg. 126 111 -11.90

10m Veg. 90 64 -28.89

P. australis Mudflat 160 252 +57.50

5m Veg. 151 189 +25.17

10m Veg. 130 137 +5.38

Per day, the number of inundation events recorded by the MSR and HOBO Mini Buoy 

models are not significantly different at the mudflat (p = 0.57), 5m into the vegetation (p 

= 0.48), or 10m into the vegetation (p = 0.065, Figure 7). 

Figure 7. Boxplot depicting the number of inundation events recorded per day throughout the monitoring 
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period by each Mini Buoy model at each logger position. A Wilcoxon test is used to compare the logger 
models. 

4.1.2. Duration of inundation events 

The total duration of all inundation events detected by HOBO loggers was greater than 

the duration detected by MSR loggers for all logger positions at B. maritimus sites and at 

all P. australis sites except for on the mudflat (Table 5). On the mudflat at P. australis sites, 

the total inundation duration detected by HOBOs amounted to 14.7% of the total 

recording time compared to the duration detected by MSRs was 16.9% of the total 

recording time. 

Table 5. Total inundation duration detected per species and logger position expressed as a percentage of 
the full duration of recording per logger. 

Species Logger position HOBO: Total 

inundation duration 

(%) 

MSR: Total 

inundation duration 

(%) 

B. maritimus Mudflat 17.3 14.3 

5m Veg. 9.3 6.4 

10m Veg. 5.3 3.0 

P. australis Mudflat 14.7 16.9 

5m Veg. 11.9 10.2 

10m Veg. 9.2 7.1 

4.1.3. Number of inundation events with detectable currents 

Inundation events with detectable Cv were recorded more frequently within the MSR 

dataset than within the HOBO dataset at B. maritimus sites 10m into the vegetation, and at 

P. australis sites both 5m and 10m into the vegetation (Table 6). However, on the mudflat

for both species and 5m into the vegetation at B. maritimus sites, inundation events with

detectable Cv were detected more frequently within the HOBO dataset than within the

MSR dataset (Table 6).

Table 6. Inundation events with detectable currents expressed as a percentage of the total number of 
recorded inundation events (Table 4) per species and logger position. 

Species Logger position Inundation events with detectable 

currents (%) 

HOBO MSR 

B. maritimus Mudflat 43.1 27.5 

5m Veg. 11.1 10.8 

10m Veg. 5.6 15.6 

P. australis Mudflat 21.3 19.8 

5m Veg. 13.9 25.9 

10m Veg. 2.3 14.6 
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4.2. Assessment of vegetation traits 

4.2.1. Slenderness 

Plants situated at the edge of the mudflat yielded relatively consistent slenderness values 

throughout growing season for both B. maritimus and P. australis (Figure 8). In contrast, 

a consistent increase in slenderness over the growing season was observed in plants 

located 5m into the vegetation for both species (Figure 8). Throughout the assessment 

period, a significant difference in slenderness can be observed between individuals at the 

edge of the mudflat and individuals 5m into the vegetation (p < 0.001). In both B. 

maritimus and P. australis communities, higher average slenderness values were 

observed 5m into the vegetation consistently from May to August (Figure 8). 

Figure 8. Boxplots depicting the change in the slenderness of B. maritimus and P. australis, respectively, 
over the growing season. Mean plant slenderness on the mudflat and 5m into the vegetation is compared 
with the Wilcoxon test. 

4.2.2. Stem density 

In P. australis, the density of living stems 5m into the vegetation was observed to change 

significantly over the growing season (p < 0.001). Over the first two months from May to 

June, no significant change was observed in living stem density at P. australis sites (p = 

0.058). However, from June to July there was a significant increase in P. australis stem 

density (p < 0.001) and an overall greater stem density was recorded at the end of the 

growing season than at the start (p < 0.001). At the B. maritimus sites, 5m into vegetation, 

no significant change in living stem density was measured between months from May to 

June (p = 0.63) or from June to July (p = 0.14), or over the entire monitoring period (p = 0.93) 

(Figure 9A). 
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Figure 9. Boxplots depicting the change in stem density of B. maritimus and P. australis over the growing 
season 5m into the vegetation. A) the change in mean stem density over time within each species 
respectively is compared with the Wilcoxon test. B) the mean stem densities of B. maritimus and P. 
australis over the growing season are compared to each other with the Wilcoxon test. 

Significant differences in live stem density were observed throughout the season between B. 

maritimus and P. australis (p < 0.001; Figure 9B). Observations every month over the 

monitoring period indicated that B. maritimus stem densities were consistently higher than 

that of P. australis in May (p < 0.001), in June (p < 0.001), and in July (p < 0.001) (Figure 9B). 

4.2.3. Frontal surface area 

The frontal surface area (FSA) 5m into the vegetation at both P. australis and B. maritimus 

stands increased significantly throughout the growing season (p < 0.001; Figure 10A). Also, B. 

maritimus FSA was consistently higher than that of P. australis in May (p < 0.001), in June 

(p < 0.001), and in July (p < 0.001) (Figure 10B).  

A 
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Figure 10. Boxplots depicting the change in frontal surface area of B. maritimus and P. australis over 
the growing season 5m into the vegetation. A) the change in mean frontal surface area over time 
within each species respectively is compared with the Wilcoxon test B) the mean frontal surface areas 
of B. maritimus and P. australis over the growing season are compared to each other with the 
Wilcoxon test. 

4.3. Current velocity (Cv) attenuation 

4.3.1. Difference between species 

The frequency of inundation events with detectable Cv throughout the monitoring 

period was higher on the mudflat than it was 5m into the vegetation for both B. 

maritimus and P. australis (Figure 11). At B. maritimus sites the frequency of inundation 

events with detectable Cv was 46.7% on the mudflat and 9.2% 5m into the vegetation, a 

difference of 37.5% (Figure 11). At P. australis sites the frequency of inundation events 

with detectable Cv was 21.0% on the mudflat and 16.0% 5m into the vegetation; a 

difference of 5% (Figure 11).

A 
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Figure 11. Frequency of inundation events with detectable Cv (75th quantile value of inundation event 
greater than the HOBO logger detection limit) depicted as a percentage of all full inundation events 
detected across mudflat and vegetation logger positions for B. maritimus and P. australis respectively. 

The difference between percentage frequency of events with detectable inundations at 

the mudflat and 5m into the vegetation is 32.5% greater at B. maritimus sites (37.5%) 

than at P. australis sites (5%). On the mudflat, inundation events with detectable Cv 

velocities were 25.7% higher at B. maritimus sites than at P. australis sites (Figure 11). 

However, 5m into the vegetation, the frequency of inundation events with 

detectable Cv was 6.8% higher for P. australis sites than for those of B. maritimus 

(Figure 11). 

Figure 12. Cv reduction observed in B. maritimus and P. australis over the whole monitoring period 
compared using a Wilcoxon test. 



45 

Reduction of Cv within the canopy was detected at both B. maritimus and P. australis 

sites (Figure 12). Overall, the mean percentage reduction of Cv within the canopy of B. 

maritimus was greater (p = 0.013) than that within the canopy of P. australis (Figure 12). 

The maximum Cv attenuation detected within the B. maritimus canopy was 69.01%, 

within the P. australis canopy the maximum Cv attenuation detected was 55.06% (Figure 

12). 

When plotted over time, the mean reduction in Cv did not change significantly over time 

for either B. maritimus (p = 0.078 from May to June; p = 0.61 from June to July) or P. 

australis (p = 0.43 from June to July) (Figure 13) though greater variation in current 

reduction was observed in July for both. No data points were available for P. australis in 

May (Figure 13). 

Figure 13. Cv reduction observed per month in B. maritimus and P. australis, respectively, compared using 
a Wilcoxon test. 

When plotted against the initial Cv detected on the mudflat, a significant effect on current 

reduction was observed in B. maritimus (Figure 14). Cv reduction in both species was 

plotted against initial Cv on the mudflat in bins according to their respective inter-quartile 

ranges and above the HOBO detection limit (0.049 ms-1). In the case of B. maritimus, a 

significant increase in mean current reduction was observed between bins as initial Cv 

increased (p < 0.001) up to a maximum of 0.16 ms-1 (Figure 14). 
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Figure 14. Boxplots depicting the Cv reduction per species in response to initial Cv represented in inter-
quartile bins. 

In the case of P. australis, no clear pattern in current reduction emerged between the 

inter-quartile range bins (Figure 14). A Wilcox test could not be carried out between the 

bins for P. australis because there were not enough observations in each bin; only 13 

inundations with detectable currents at both logger positions on the transects were 

recorded by HOBO loggers at P. australis sites throughout the monitoring period. The 

maximum initial Cv recoded at the P. australis site was 0.12 ms-1. 

4.3.2. Effect of plant traits on Cv attenuation 

Table 7. Summary of outcomes (deviance explained by the model and AIC) of three generalised additive 
models run on the HOBO data. 

Models Veg. parameter Deviance explained AIC 

GAM1 FSA 81.2% 228.13 

GAM2 Density 82% 229.86 

GAM3 Slenderness 81.2% 228.20 

Three generalised additive models (GAMs) were run each using saltmarsh species 

interactions with initial velocity, month, and either FSA (GAM1), density (GAM2), or 

slenderness (GAM3) as explanatory variables (smoothing terms), species as a fixed effect, 

and logger transect and position as random effects. Each of the models tested different 

vegetation parameters as an explanatory variable (Table 7). Of the three GAMs, the 

deviance explained by GAM2 was the highest at 82% though the deviance explained by 

the models differed by less than 1% overall (Table 7). However, GAM1 had the smallest 

AIC denoting the best fit though the overall difference between the models was smaller 

than 2 (Table 7). 

Of the three vegetation parameters tested as explanatory variables, only the stem density 
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(GAM2) of B. maritimus was found to have a significant impact on current attenuation (p = 

0.035, df = 3), while stem density (GAM2) of P. australis was not found to have any 

significant impact on current attenuation (p = 0.45, df = 3). GAM1 found that FSA had no 

significant impact on the current reduction in either B. maritimus (p = 0.17, df = 3) or P. 

australis (p = 0.70, df = 3) and GAM3 found that Slenderness had no significant impact on 

the current reduction in either B. maritimus (p = 0.08, df = 3) or P. australis (p = 0.60, df = 

3). 

Since the differences in AIC were not significant between the three models tested and 

GAM2 had the highest explanatory power (82%, Table 7) and observed a significant 

relationship between an attribute of the vegetation (stem density) and current attention, 

GAM2 was chosen for further exploration. 

GAM2 found no significant relationship between monitoring month and current reduction 

in either B. maritimus (p = 0.91, df = 3) or P. australis (p = 0.45, df = 3). 

Stem density was found to significantly impact current attenuation in the case of B. 

maritimus (p = 0.035, df = 3). Current attenuation capacity in response to stem density was 

found to steadily increase with increasing stem density until reaching a maximum at ~38% 

current reduction at a stem density of 750 stems m-1 (Figure 15A). At stem densities higher 

than 750 stems m-1, current reduction decreases as stem densities increase. For 

P. australis, no significant effect of stem density on current reduction was observed (p = 
0.45, df = 3).

Current attenuation changed significantly in response to initial Cv in both B. maritimus (p < 

0.001, df = 3) and P. australis (p = 0.001, df = 3). For P. australis, current attenuation capacity 

increases as initial Cv increases until a peak of just over 40% current reduction at an initial 

Cv of ~0.095 ms-1 (Figure 15B). The model predicts two peaks for B. maritimus (Figure 15B). 

The current attenuation capacity of B. maritimus increases steadily to an initial peak of 

almost 50% current reduction at an initial Cv of ~0.095 ms-1 (Figure 15B) after which it falls 

until a trough of ~40% current reduction between 0.10-0.11 ms-1 (Figure 15B). The attenuation 

capacity of B. maritimus is observed to increase again steadily in response to initial Cv to its 

overall maximum at ~60% current reduction at an initial velocity of ~0.13 ms -1 (Figure 15B). 



48 

Figure 15. Generalised additive model (GAM2) showing how current reduction (%) by two saltmarsh 
species, B. maritimus and P. australis, is impacted by A) stem density and B) initial Cv. Initial Cv, stem 
density, and sampling month were used as smoothing terms, logger transect and position as random 
effects, and species as a fixed effect. The solid lines represent fitted values while the envelopes 
represent the standard error. 

A 
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5. Discussion
5.1. Effectiveness of  two mini buoy models in quantifying Cv

attenuation inside vegetation 

The results of this study suggest that both the MSR and the HOBO Mini Buoy produce 

similar results for detecting the number of tidal inundations, but that the HOBO may be 

more effective for deriving inundation durations in shallower environments. Inundations 

per day that each model of the Mini Buoy detected did not differ significantly (Figure 7) at 

any of the logger positions suggesting that both the HOBO and MSR are equally effective 

for determining this parameter. However, the HOBO Mini Buoy consistently measured 

longer inundations than the MSR at all logger positions except for on the mudflat at P. 

australis sites (Table 5). Because the starting point of an inundation is informed by a 

threshold tilt of the logger, and the HOBO is a smaller model that requires less water 

depth for full inundation, the HOBO can start detecting inundations before MSRs at the 

same elevation. HOBOs therefore provide a more accurate representation of inundation 

durations, especially in environments with generally shallow inundations (such as higher 

up and further inland in inter-tidal habitats). The lowest-elevation sites in this study were 

P. australis sites on the mudflat, which were the only logger positions where the

inundation durations measured by MSRs was longer than those measured by HOBOs

(Table 5). The difference however was only of about 2.2% (Table 5) which could be due to

freshwater inputs observed from creeks adjacent to P. australis sites and the low

elevation of the mudflat site causing possible waterlogging and water levels rising faster

here relative to other sites. Further studies comparing the two Mini Buoy models could

help determine whether they detect inundation duration more equitably at low-elevation

sites and how the rate of tidal inundation can have an impact.

For detecting and quantifying current attenuation in this study, the HOBO Mini Buoy was 

overall more effective. Tidal inundations with Cv above the detection limit of the Mini 

Buoys at multiple points along the transect were required to quantify Cv reduction. 

Records from logger positions 10m into the vegetation at both B. maritimus and P. 

australis sites were not used for analysis after initial exploration of the data because the 

numbers of inundations with detectable Cv recorded there were too low (Table 6) to 

provide robust results. Similarly, the numbers of inundations with detectable Cv recorded 

by the MSR on the mudflat were too low (Table 6) to provide robust results. Cv on the 

mudflat provided a benchmark from which current reduction within the vegetation could 

be measured; for both species, the number of inundation events with detectable Cv 

detected by the MSR was lower than that detected by the HOBO (Table 6). This was 

despite the MSR model’s lower detection limit (MSR, 0.018 ms-1; HOBO, 0.049 ms-1) and 

could be due to the differences between the heights of the models. 
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The Mini Buoys must be fully inundated and upright in the water column to begin 

measuring Cv. As the HOBO is a shorter model, it will reach full inundation more often 

than the MSR, become fully inundated before the MSR, and stay fully inundated after the 

MSR within the same inundation event and stay inundated for an overall longer duration 

during each inundation event. The HOBO can reach full inundation more often than the 

MSR for example during neap tides when water depth is too shallow for the MSR to be 

fully inundated. This and staying fully inundated for longer periods of time than the MSR 

allow the HOBO to collect more datapoints both over different inundation events and 

during a single event. Also, reaching full inundation more quickly than the MSR as the tide 

comes in and remaining fully inundated for longer than the MSR as the tide ebbs, allows 

the HOBO to collect more datapoints during the flood and ebb tide periods when high Cv 

was experienced at this site. A larger proportion of the time for which the MSR is fully 

inundated and able to measure Cv is during slack tide when the water is unstressed. The 

MSR might therefore be better suited to detecting Cv attenuation at sites that experience 

deeper inundations or greater tidal amplitudes where tides can come in faster; this can 

be tested in further studies. 

In terms of practicality, the B4+ is more convenient for long-term deployment and could 

collect data at a higher frequency but the Pendant was observed to be more durable and 

less destructive when deployed within the vegetation. Deployments of the B4+ in this 

study lasted up to 26 days with measurements taken at a rate of 1Hz while the Pendant, 

even at a lower measurement rate of 0.1Hz, could only record continuously for ~7.5 days. 

This meant that two Pendant deployments were necessary to capture a full tidal cycle of 

~15 days as is recommended for analysis (Ladd et al. 2024a; Ladd et al. 2024b), and that 

even with loggers being replaced as often as possible (every ~10 days) there would be a 

gap of a few days in the dataset consistently between deployments. However, the 

Pendant is much more practical to assemble than the B4+ and throughout the duration 

of this study, none of the Pendant loggers were damaged which would be well suited for 

higher-energy sites. The B4+ loggers took at least 24 h to assemble and were susceptible 

to damage such as cracking of the centrifuge tube or insufficient waterproofing causing 

data to be unusable in these instances. Furthermore, as a smaller Mini-Buoy, the Pendant 

required that only a 15 cm2 area of vegetation had to be cleared for its deployment within 

the vegetation whereas the B4+ required 25 cm2. This amounted to significantly greater 

damage to the vegetation for the deployment of the B4+ over the 6 transects for this study. 

HOBO was overall more effective than the MSR for quantifying Cv attenuation by the 

saltmarsh vegetation in this study where the field site on the Inner Clyde Estuary was 

generally low energy with shallow inundations. Practically, though the B4+ is better suited 

to long-term deployments, this site was easily accessible so the Pendant could be 

regularly replaced the Pendant was the better suited for deployment within the vegetation 

as it caused less damage to the vegetation. Replication of this model comparison across 

different intertidal environments will help determine if the HOBO remains the better 
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suited model for Cv quantification under different physical conditions such as different 

tidal amplitudes, rates of incoming tides, and depths of inundations. 

5.2. Plant traits of two saltmarsh species and their role in effective Cv 
attenuation 

Differing patterns of plant growth on the mudflat and within the vegetation for both B. 

maritimus and P. australis, as shown by differences in slenderness (Figure 8), could be an 

effect of flow stress on the community. The mechanical stability to withstand near- 

constant flow stress is essential to plants inhabiting inter-tidal areas. Studies have shown 

that plants can exhibit morphological changes to adapt to flow stress (Puijalon et al. 2005, 

2008) which could explain the decreased slenderness observed at the vegetation edge 

(mudflat) as compared to 5m into the vegetation for both species. Lower slenderness 

values at the vegetation edge that do not increase greatly over the season suggest that 

plants growing here prioritise maintaining thicker stems which, as proposed by Carus et 

al. (2016), could be an adaptive response to exposure to higher Cv as thicker plants are 

better able to withstand these currents without mechanical failure. In contrast, the 

significant increase in slenderness values for both B. maritimus and P. australis over the 

season 5m into the vegetation suggests that individuals sheltered within the vegetation 

belt are prioritising height over diameter. These findings support that plants can exhibit 

morphological changes in response to flow stress and suggest that both B. maritimus and 

P. australis are allocating resources differently in response to flow stress. This self- 

adaptive ability increases the resistance capacity of the whole vegetation community to

flow stress as sturdier plants at the vegetation edge can shelter individuals further within

the belt against Cv. This community characteristic helps B. maritimus and P. australis

survive and persist in the pioneer zone. This morphological adaptation could also have

benefits for the attenuation and self-regulation capacity of nature-based coastal

defences.

However, while both B. maritimus and P. australis were observed growing in the pioneer 

zone in the Inner Clyde Estuary, P. australis was observed to develop at sites exposed to 

lower hydrodynamic energy. Inundation events with detectable Cv were over twice as 

frequent on the mudflat at B. maritimus sites as compared to P. australis sites and the 

maximum initial Cv at P. australis was 0.12 ms-2 compared to 0.16 ms-2 at B. maritimus. 

Therefore, P. australis may be more sensitive to hydrodynamic forcing which can be 

associated with the significant morphological differences between the B. maritimus and 

P. australis communities in terms of frontal surface area (FSA) and stem density. Though

the FSA and stem density of P. australis increased over the growing season, both FSA and

stem density were consistently much higher in B. maritimus. As FSA or stem density

increase, rates of hydrodynamic energy attenuation are also expected to increase

(Figueroa-Alfaro et al. 2022) which would increase the ability of the entire vegetation belt

to resist flow velocities and persist at an exposed site. Therefore, despite exhibiting the
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same self-adaptive morphological capacity as B. maritimus, these findings suggest that 

the magnitude of flow stress that P. australis can withstand is comparatively lower due to 

its lower FSA and stem density. Differing sensitivity to hydrodynamic forcing between 

saltmarsh species should be considered in ecosystem management decisions, especially 

for nature-based flood defence. 

5.3. Differences in current attenuation between two saltmarsh species 

The findings of this study confirm that attenuation of Cv within saltmarsh vegetation is 

occurring in the Inner Clyde estuary. The frequency of inundation events with detectable 

Cv decreased from the mudflat to 5m into the saltmarsh vegetation for both B. maritimus 

and P. australis (Figure 11) indicating that some attenuation was occurring. Current 

reduction was observed up to 69.01% (Figure 12) of the initial Cv during this study at the 

Inner Clyde Estuary. 

Contrary to previous studies which had observed that an increased rate of attenuation in 

response to increased frontal surface area (FSA) (Figueroa-Alfaro et al. 2022; Mendez & 

Losada 2004), this study found that FSA had no significant impact on current attenuation. 

This study also found that stem slenderness also did not have any direct significant 

impacts on current attenuation despite being an indicator of mechanical stability. 

However, stem density did have a significant impact on current attenuation in this study, 

but only in B. maritimus, and – as the stem density of B. maritimus did not change 

significantly throughout the study period (Figure 9A) - this did not indicate any temporal 

variability in attenuation capacity in the vegetation. This study also found no significant 

relationship between monitoring month and current reduction in either B. maritimus (p = 

0.91, df = 3) or P. australis (p = 0.45, df = 3). This was contrary to findings by Möller & 

Spencer (2002) who observed seasonal changes in current attenuation which were 

positively correlated with seasonal changes in vegetation density. It is possible that the 

length of the monitoring period for this study was not sufficient to capture the impact of 

seasonality. The dataset used by Möller & Spencer (2002) spanned a year and only found 

differences between seasons whereas the dataset used for this study only spanned one 

season from May to July. A study monitoring hydrodynamics and correlating them with 

FSA, stem density, and slenderness at four different points of the year in different seasons 

might provide a better insight into the temporal variability of the attenuation capacity of 

the saltmarsh communities in the Inner Clyde Estuary. 

The impact of B. maritimus stem density on current attenuation produces a nonlinear 

relationship wherein an intermediate stem density attenuates Cv most effectively (Figure 

15A). A possible cause of this observed pattern was presented in a study by Harley & 

Bertness (1996) which found that increased crowding in saltmarsh plants (plants growing 

in areas of high stem density) was positively correlated with plant slenderness and 

negatively correlated with resilience to mechanical stress. This would suggest that there 

may be a threshold stem density of B. maritimus beyond which increasing stem density 
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is not beneficial for current attenuation. This pattern is also reflected by a similar 

nonlinear relationship Xu et al. (2022) found between stem density and sediment 

deposition in saltmarshes where attenuation of hydrodynamic energy by vegetation is 

known to encourage sediment to settle on the marsh. Furthermore, to explore the cause 

of the intermediate dip in current attenuation capacity for B. maritimus (Figure 15B), the 

temporal variability of vegetation growth and Cv on the mudflat, and the impact this has 

on attenuation capacity in response to initial Cv, should be further studied. Further 

investigations into the causes of spatial and temporal variability in B. maritimus stem 

density and corresponding hydrodynamic conditions will be important in understanding 

what creates this nonlinear relationship. Importantly, this would have implications for the 

use of B. maritimus in nature-based flood mitigation planning. 

Overall, a significant difference in hydrodynamic energy attenuation capacity between B. 

maritimus and P. australis was observed. At the mudflat inundation events with 

detectable Cv were over twice as frequent at B. maritimus sites as compared to P. 

australis sites and frequencies reduced for both further into the vegetation, but 

inundation events with detectable Cv 5m into the vegetation were more frequent at P. 

australis sites than at B. maritimus sites. The reduction in frequency of inundation events 

with detectable Cv between the mudflat and 5m into the vegetation was therefore greater 

in B. maritimus than in P. australis. The reduction in frequency of inundation events with 

detectable Cv 5m into vegetation indicates some current attenuation in both species. 

However, the greater reduction in frequency observed in B. maritimus suggests that this 

species has a greater attenuation capacity. This is supported by the observed magnitudes 

of current attenuation between the two species where B. maritimus was found to reduce 

Cv by significantly more (p = 0.013) than P. australis overall. 

The results of GAM2 also supported that B. maritimus is more effective at attenuating 

currents than P. australis. A nonlinear relationship was observed between initial Cv and 

current reduction in both species. The maximum current attenuation was observed at an 

intermediate initial Cv value for both species as well (Figure 15B). At initial Cv below 0.08 

ms-2, greater current reduction by P. australis was observed in this study (Figure 15B). 

However, beyond this point, current reduction by B. maritimus remains consistently 

greater than that of that P. australis (Figure 15B). Even where P. australis reached a 

maximum current reduction of just over 40% at an initial velocity of ~0.095 ms-2, B. 

maritimus had the capacity to reduce Cv by almost 50% at the same point. Also, the 

maximum current attenuation of B. maritimus was much higher at ~60%, and this was 

observed at a higher initial Cv of ~0.125 ms-2 (Figure 15B). B. maritimus therefore 

demonstrated overall greater current reduction potential at a higher initial Cv than did P. 

australis (Figure 15B) in the environment of the Inner Clyde Estuary. 
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6. Conclusions
The Pendant Mini Buoy was more effective than the B4+ for quantifying Cv attenuation by 

the saltmarsh vegetation in the Inner Clyde Estuary, a low energy site with shallow 

inundations. The Pendant Mini buoy was also less destructive when deployed within the 

vegetation and more durable than the B4+. However, the B4+ is the better model for long- 

term deployments. Both models of the Mini Buoy were equally effective at measuring 

inundation characteristics in this study. The Pendant is therefore the recommended Mini 

Buoy model for deployment within saltmarsh vegetation for future studies. However, the 

drawback of its significantly shorter deployment times is important to consider in the 

experimental design. To further develop the use of the Mini Buoy for monitoring 

hydrodynamics within coastal vegetation, further studies comparing the use of different 

models of the Mini Buoy in other coastal environments (e.g. mangroves, seagrass beds) 

or sites with other inundation characteristics should be conducted to assess suitability. 

Morphological adaptations to the physical environment were observed in both B. 

maritimus and P. australis where slenderness increased significantly between plants on 

the wave-exposed seaward boundary and those sheltered 5m into the vegetation for both 

species. This finding contributes to our understanding of how biophysical interactions on 

saltmarshes impact plant physiology. These physiological adaptations will, in turn, impact 

ecosystem service delivery including hydrodynamic energy attenuation. Therefore, 

further studies should be conducted that focus on understanding biotic adaptive 

responses to physical conditions as this is essential for predicting the long-term viability 

of nature-based coastal defences especially under rapidly changing conditions due to 

climate change. 

Moreover, though both B. maritimus and P. australis were found in the pioneer zone in the 

Inner Clyde Estuary, P. australis was found at lower-energy sites compared to B. 

maritimus suggesting that P. australis is more sensitive to hydrodynamic forcing. This 

could be associated with the significant morphological differences observed between  B. 

maritimus and P. australis throughout the growing season with higher FSA and density 

consistently observed in B. maritimus. Furthermore, B. maritimus with a maximum Cv 

attenuation of ~60%, was found to be overall more effective at attenuating Cv than P. 

australis which attenuated Cv to a maximum of ~40%. These findings provide an insight 

into the existing hydrodynamic energy attenuation potential of saltmarsh vegetation in 

the Inner Clyde Estuary and have important implications for the management of this area 

with the long-term goal of sustainable solutions for flood management in mind. 
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